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Summary 
Chemicals that have the ability to interfere with the endocrine system of organisms are termed 
endocrine disrupting chemicals (EDCs). The endocrine system requires a fine and orchestrated 
control of hormones to further control vital processes such as metabolism, growth or 
reproduction. This research evaluated the effects of several endocrine disrupting chemicals in 
the aquatic environment, such as 17α trenbolone, atrazine, propylparaben, pyrimethanil, 
estrone and 17α estradiol on the reproductive health of the native Australian fish Murray River 
rainbowfish (Melanotaenia fluviatilis); in response to the severe lack of research on native 
species. Diverse mixtures of endocrine disruptors were also assessed in order to attain a more 
realistic case scenario. 
In breeding groups of fish exposed to 4, 40 and 400 ng/L of the feedlot contaminant 17α 
trenbolone for 10 and 21 days, vitellogenin concentrations were significantly reduced at 40 
ng/L at day 10; and 400 ng/L at the end of the exposure (21 days), highlighting the non-dose 
response effects of 17α trenbolone. Fecundity was significantly reduced and after 17 days of 
exposure eye and spinal deformations occurred on and were observed from day 2 after hatching 
in about 20% of larvae.  By the end of the exposure period, gonads of female fish exposed to 
400 ng/L of 17α trenbolone showed an increased number of atretic follicles when compared to 
the control. A further exposure of both male and female M. fluviatilis to 40 and 400 ng/L of 
17α trenbolone for 14 days showed a significant decrease in plasma vitellogenin in females. In 
another experiment, vitellogenin mRNA was induced with exposure to 40 ng/L in male fish 
and the expression of brain aromatase (cyp19a1b) was significantly induced at both 40 and 400 
ng/L of 17α trenbolone. In females, at 40 ng/L a decrease in brain aromatase expression 
cyp19a1b was observed. In the ovary, the expression of the ovarian aromatase (cyp19a1a) was 
significantly downregulated at both 40 and 400 ng/L of 17α trenbolone. The exposure of M. 
fluviatilis eggs to different concentrations of 17α trenbolone (until hatching) resulted in several 
abnormalities in hatched larvae though there was no dose-response in the percentage of 
abnormalities observed. Undeveloped eyes, as well as spinal deformations, were observed at 
exposure concentrations of 31.2, 125 and 500 ng/L. The results indicate that 17α trenbolone 
may have effects beyond its androgenic action and act also as a genotoxic compound at 
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concentrations commonly found in effluents from feedlots. The effects of 17α trenbolone on 
both egg and larvae can additionally impair population fitness at relatively low concentrations. 
When the androgenic chemical 17α trenbolone was mixed with an estrogen, 17β estradiol, for 
7 days it was demonstrated that 17α trenbolone was unable to activate the estrogen receptors. 
When circulatory levels of vitellogenin were investigated, it was clear that 500 ng/L of 17α 
trenbolone was partially able to counteract the effects of 50 ng/L of the estrogen 17β estradiol 
at measured protein levels although no interaction was observed at the molecular level. 
When exposed to atrazine, the gonadal development and maturation of rainbowfish were 
disrupted. Since these effects are also under hormonal control it is possible that pathways other 
than the estrogen receptor binding are also susceptible to disruption. This was clear of at 
ecologically relevant concentrations atrazine exposure with effects on gonadal maturation in 
females, and a significant increase of spermatogonia in the male gonads of fish exposed to 13 
and 130 μg/L of atrazine for 14 days; whereas there were no effects on vitellogenin levels. 
Similarly, when fish were exposed to mixtures of chemicals, in 21-day exposures, a 
multiparameter approach was essential to understand the effects of chemical mixtures on the 
fish, with alterations in gonads and liver being observed in fish exposed to pyrimethanil and 
mixtures of chemicals while vitellogenin levels remained unaltered.  Only estrone and EE2 
induced increased levels of vitellogenin in the plasma of M. fluviatilis while deleterious effects 
on the gonads were evident from tissue histopathology in exposures to pyrimethanil and 
atrazine. This is conclusive evidence that these chemicals have the ability to disrupt other 
pathways not simply the classically “expected” binding to an estrogen receptor 
Further evidence that some chemicals are able to disrupt multiple pathways was also 
demonstrated after exposure of M. fluviatilis to 0.01-10 mg/L of perfluorooctanoic acid 
(PFOA). Although PFOA was slightly estrogenic leading to the induction of circulatory levels 
of vitellogenin in male fish after 14 days of exposure, this chemical was also able to interfere 
with the thyroid pathway   and lead to changes in antioxidant processes. 
This study highlights that investigations into possible effects of EDCs on physiological targets 
other than reproduction in fish are essential. There are even fewer studies of their effects on 
other aquatic species. To date, in research even on teleosts, there is still some uncertainty as to 
the structure and function of some of the naturally occurring hormones and the endocrine 
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glands themselves, making the assessment of the impact of EDCs, in aquatic ecosystems, even 
more difficult. 
 
Keywords:  Endocrine Disrupting Chemicals (EDCs); water quality; fish; endocrine system;  
17α trenbolone; 17β estradiol, mixtures;   propylparaben; atrazine; pyrimethanil; PFOA, 
histology; vitellogenin 
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Chapter 1 
1. General Introduction 
Endocrine disruption 
Wildlife health depends on the ability to reproduce and develop normally, which is not 
possible without a healthy endocrine system. In its turn, a healthy endocrine system depends 
upon a healthy environment (WHO, 2013). However, over the last decades, the environment’s 
health has been seriously challenged by the industrialization, in which the massive production 
of chemicals and their subsequent introduction into the environment has been greatly increased 
(Swedenborg et al., 2009).  Evidence has accumulated that some of these chemicals can 
unbalance the endocrine system of an organism, which can lead to adverse effects on its 
physiology and development.  These substances are called endocrine disrupting chemicals 
(EDCs) and organisms are constantly exposed to them (Diamanti-Kandarakis et al., 2009; 
Vilela et al., 2018). Some occur naturally in the environment from human and animal waste 
such as testosterone, 17β estradiol, estrone and estriol (Sarmah et al., 2006; Song et al., 2018) 
but also phytochemicals. Examples of phytochemicals are daidzein, a soy-derived isoflavone 
that originates from plants and herbs (Dang, 2009; Diamanti-Kandarakis et al., 2009), genistin 
from lupins, soybean or fava beans, kaempferol from tea, broccoli and others (Li et al., 2013; 
Montes-Grajales et al., 2018). Nevertheless, the majority of EDCs are synthetic chemicals that 
can interfere with the endocrine system of organisms, leading to effects on their physiology, 
sexual and general development. Most examples of endocrine disruption have been reported in 
wildlife living in, or closely associated with, the aquatic environment (Hashmi et al., 2018; 
Jobling et al., 2003; Jobling et al., 1998; Jobling and Tyler, 2003; Parent et al., 2011). This fact 
is not surprising, given that freshwater and marine systems act as a sink for most chemicals 
discharged into the environment (Goodhead and Tyler, 2009).  
 
 Classes of EDCs 
Over the last decades, a large number of chemicals other than Persistent Organic Pollutants 
(POPs) have been identified as EDCs, and these include chemicals that have very different 
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properties, sources and fates in the environment compared with POPs (WHO, 2013). POPs are 
organic compounds that are highly persistent, bioaccumulative and toxic. Compounds such as 
polychlorinated biphenyls (PCBs), dioxins, and DDT are known endocrine disruptors. There 
is a wide range of suspected EDCs, including synthetic and natural hormones, plant 
metabolites, alkylphenols, phthalates, pesticides, herbicides, PCBs and some of their 
derivatives, as well as many aromatic compounds (Jobling et al., 1998). Some EDCs can be 
present in our daily life and can be found in a large variety of materials of everyday use such 
as children’s products, food containers, electronics, detergents, and clothing, as in examples 
shown in Table 1.1. 
 
     Table 1.1. Examples of known EDCs in products of everyday use. 
 
Most of these chemicals are of anthropogenic origin although natural EDCs such as 
phytoestrogens and natural male and female hormones can also act as EDCs. 
 Phytoestrogens such as the isoflavones genistein and daidzein are  considered safe and often 
found in human food such as in tea, broccoli and soy and soy-derived products (Jagne et al., 
2016).  Despite the weak estrogenicity of natural EDCs, they are often present at high 
concentrations in numerous food products. One example is soy-derived infant formula  
(Carballa et al., 2004). According to Setchell et al. (1997), total isoflavone concentrations of 
Category /Use EDC example 
Pesticides 
DDT, chlorpyrifos, atrazine, 2,4-D, 
glyphosate 
Plastic products, food containers BPA, phthalates, phenol 
Electronics Brominated flame retardants, PCBs 
Medical tubing, Personal care products, 
cosmetics 
Phthalates 
Antibacterial soaps, detergents, cosmetics Triclosan, ultraviolet (UV) filters 
Textiles Perfluorochemicals 
Baby formula, tea, soybeans Phytoestrogens 
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soy-based formulas prepared for infant feeding ranged from 32 to 47 mg/L, whereas isoflavone 
concentrations in human breast milk were only 5.6 ± 4.4 mg/L. While consumption of 
phytoestrogens by adults is considered positive and have health benefits in women, there is 
very little research on the effects of soy derived products by human neonates (Tuohy, 2003). 
Other natural EDCs are steroidal estrogen and androgen hormones. Among them are estrone 
(E1), 17β estradiol (E2), estriol (E3) but also testosterone (T). The environmental 
concentrations of these hormones have been increasing over the years due to the growth of the 
population alongside more intensive livestock farming (Rodgers-Gray et al., 2000). These are 
potent steroids and can exert effects at nanogram per liter levels, as low as 1 ng/L (Qu et al., 
2012). 
Man-made EDCs are a highly heterogeneous group of molecules including: persistent organic 
pollutants (POPs) such as dichlorodiphenyltrichloroethane (DDT) and its metabolites; 
industrial compounds such as dioxins, bisphenol A (BPA), and polychlorinated biphenyls 
(PCBs); pesticides such as chlorinated insecticides, imidazoles, and triazoles; chemical 
substances that are widely used in cosmetics, such as phthalates, ultraviolet (UV) filter 
constituents, and parabens; and also several heavy metals such as cadmium (Canesi and Fabbri, 
2015; Haselman et al., 2016; Iavicoli et al., 2009; Kim and Choi, 2014; Lundgren and Novak, 
2009; Metzler and Pfeiffer, 2001; Mnif et al., 2011; Schreurs et al., 2002; Ying et al., 2002). 
1.3. Sources of EDCS in the environment 
 
 
 
 
 
Figure 1. Sources of Endocrine Disrupting Chemicals in the aquatic environment.  
EDCs can disperse quickly in the environment (Auriol et al., 2006). Some EDCs are released 
to the atmosphere as a result of combustion and incineration e.g. polycyclic aromatic 
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hydrocarbons (PAHs) and dioxins (Ying et al., 2002)  but the principal sinks for EDCs are 
groundwater, rivers and lakes (Balaguer et al., 1999). 
Entry of these compounds into the aquatic environment can occur via a number of pathways, 
such as direct discharge from wastewater treatment plants (WWTPs) as well as from other 
diffuse sources such as paper and pulp mills. Another source of these contaminants into water 
is the run-off from intensive livestock operations and agricultural lands treated with pesticides. 
Table 1.2 summarises the different sources of EDC in the aquatic environment as well as some 
examples of the most common substances found from each source. 
 
Table 1.2. Source, types and examples of EDCs commonly found from each source. 
Source Important classes Examples of compounds 
 
 
 
 
Agricultural runoff 
 
Organochlorine 
pesticides 
DDT, 
Chlorpyrifos, 2,4-D glyphosate, methoxychlor, 
endosulfan (Bacciottini et al., 2007) 
 
Triazine pesticides 
 
Atrazine, permethrin, trifluralin (Lin and Chu, 2011; 
Shenoy, 2012) 
      Natural and 
synthetic hormones, 
growth promoters 
E1, E2, E3, levonorgestrel, trenbolone, testosterone 
(Colucci et al., 2001; Colucci and Topp, 2002; Rose 
et al., 2002)  
Municipal effluents 
Alkyphenolics, 
antibacterials, textiles 
electronics, fragrances, 
disinfectants, UV filters, 
insect repellents 
EE2, E2, E1, E3, nonylphenol, BPA, triclosan, 
brominated flame retardants, natural and synthetic 
hormones, polybrominated diphenyl ethers (Sarmah 
et al., 2006) 
Industrial effluents 
 
Phthalates (plasticisers), 
fire retardants, metals, 
BPA 
Dibutyl phthalate, butylbenzyl phthalate, chlorinated 
hydrocarbons, cadmium , dioxin-like PCBs, 
brominated flame retardants, PFCs, heavy metals 
(Behnisch et al., 2001; Canesi and Fabbri, 2015; 
Canton et al., 2005; Iavicoli et al., 2009; Pillon et al., 
2005) 
Paper mill effluents 
 
Plant material Isoflavones, lignans, coumestans (Mahmood-Khan 
and Hall, 2003) 
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1.3.1. Wastewater treatment plants (WWTPs) 
Effluents from wastewater treatment plants with primarily domestic inputs are strongly 
suspected to be an important source of natural and synthetic estrogens contaminating the 
aquatic environment (Baronti et al., 2000; Zhang et al., 2018). In theory, the entry of these 
chemicals could be easily controlled if EDCs could be completely removed from the sewage 
at the wastewater treatment plants before final release into the environment. EDC removal 
methods fall into three categories: physical removal, biodegradation and chemical advanced 
oxidation (CAO) (Liu et al., 2009). Modern WWTPs can effectively accomplish carbon and 
nitrogen removal, as well as microbial pollution control. However, urban WWTPs normally 
receive streams that contain a lot of different trace polluting compounds both synthetic and 
natural, for which conventional treatment technologies have not been specifically designed 
(Lange et al., 2002). In a study by Lange et al. (2002), overall removal efficiencies within 
WWTP were 40–65% for anti-inflammatories, around 65% for 17β estradiol and 60% for 
sulfamethoxazole. However, the concentration of estrone increased along the treatment due to 
the partial oxidation of 17β estradiol in the aeration tank. 
The list of EDCs resulting from human activities found in wastewater is long (Auriol et al., 
2006) and estrogenic activity is often observed in sewage effluents. The most common 
compounds found in effluents are 17β estradiol (E2), estrone (E1) and estriol (E3) as well as 
the synthetic 17α ethinylestradiol (EE2) and mestranol. Concentrations of some of these 
compounds are found in table 1.3. Male and female daily produced hormones together with 
ingested synthetic steroids, are then excreted in urine, which is the major source of these 
estrogenic chemicals (Desbrow et al., 1998; Furuichi et al., 2006; Shore and Shemesh, 2003).  
 
Fertile, cycling women can excrete daily between 10 and 100 μg of E2, EE2, E1 and E3. The 
composition and amount depend on the phase of the reproductive cycle and pregnant women 
may secrete up to 30 mg of estrogen (mainly E3) a day (Andreolini et al., 1987). Estrogens are 
excreted mainly as conjugates of sulfuric and glucuronic acids, 95% via the urine. Although 
steroid conjugates do not possess direct biological activity, they can act as precursor hormone 
reservoirs able to be further converted to free steroids by bacteria in the environment. 
According to estimates by Baronti et al. (2000), the total amount of excreted estrogens 
discharged by humans into the environment is about 4.4 kg/year/million inhabitants and given 
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the Earth's population  in 2013 with 7.125 billion inhabitants, this amounts to 31.35 tons of 
estrogens/year. Based on the daily excretion of estrogens by humans, dilution factors and 
previous observations, the levels of estrogens expected to be present in aqueous environmental 
samples are in the order of ng/L (Baronti et al., 2000). 
Industrial effluents from various industries are often added to the domestic wastewater. 
Typically, industries do not discharge their effluents directly into streams and rivers; instead, 
they discharge their waste to municipal wastewater treatment plants where numerous other 
compounds used in industrial processes contribute to the hormonal activity (Hutchins et al., 
2007). This activity is however several orders of magnitude less than those of natural or 
synthetic hormones. 
 
Table 1.3. Concentration of hormones in WWTPs across the world.  
Country 
 
Type/ 
matrix 
Estrone (E1) 
(ng/L) 
17β-Estradiol 
(E2) (ng/L) 
Estriol 
(E3) 
(ng/L) 
Ethynylestradiol 
(EE2) (ng/L) 
Reference 
Italy WWTP-
E 
2.5-82.1  0.44-3.3  0.43-18  <LOD-1.7  
 
(Baronti et al., 
2000) 
Australia 
(Queensland 
and South 
Australia) 
River 
near 
WWTPs 
1.25 - 14.5  
 
7.3 NA <LOD - 0.51 (Scott et al., 
2014b{Ying, 
2009 #1975)} 
Australia 
(South 
Australia) 
WWTP-
E 
13.3 - 39.3  1.0 - 4.2  NA 0.1 - 1.3  (Ying et al., 
2009) 
Belgium WWTP-
I 
 64 NA 106 (Forrez et al., 
2009) 
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Canada WWTP-
E 
<LOD–48 <LOD–64  NA <LOD–42 (Ternes et al., 
1999) 
Canada WWTP-
I 
19–78 2.4–26.0 NA NA (Servos et al., 
2005) 
Canada WWTP-
E 
1–96 0.2–14.7 NA NA (Servos et al., 
2005) 
France WWTP-
E 
15.7 0.8 NA NA (Miège et al., 
2009) 
United 
Kingdom 
WWTP-
E 
6-10 NA NA NA (Zhang and 
Zhou, 2008) 
United 
Kingdom 
WWTP-
E 
1-1.45 0.08-0.40 NA 0.2-1.1 (Kanda and 
Churchley, 
2008) 
WWTP-I wastewater treatment plant influent; WWTP-E wastewater treatment plant effluent; NA Not available; 
LOD Limit of detection. 
Bisphenols such as BPA, alkylphenols (APs) and phthalates are the classes considered to have 
most endocrine disruptive potential. BPA has been banned in several countries and it is used 
mainly as a monomer for the production of polycarbonate, epoxy and unsaturated polyester-
styrene resins, flame retardants, fungicides, antioxidants and rubber chemicals. APs are used 
as antioxidants and plasticizers, and in the production of alkylphenol polyethoxylates (APEO)-
the most widely used non-ionic surfactants (Metzler and Pfeiffer, 2001). About 80% of the 
APEO production is released to the market as nonylphenol polyethoxylates (NPEOs), being 
further used in the production of plastics, textiles and agricultural chemicals, and in household 
goods such as detergents, paints, pesticides and cosmetics (Chen et al., 2013). 
Phthalates represent a class of chemical compounds used most extensively as plasticizers in a 
variety of plastics, including polyvinyl chloride (PVC), medical devices (e.g. intravenous bags 
and tubing), food contact materials, toys and household goods; and as solvents in fragranced 
personal care and household products (Net et al., 2015; Rodgers et al., 2014). Phthalates are 
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easily transported to the environment during manufacture, disposal and leaching from plastic 
materials, in which they are bonded non-covalently to allow the required degree of flexibility 
(Orlando et al., 2004). Because of their large and widespread application, phthalates or phthalic 
acid esters (PAEs) are ubiquitous in all environmental compartments (Net et al., 2015). The 
short-chained phthalates, dimethyl phthalate (DMP) and diethyl phthalate (DEP) are among 
the most frequently identified phthalates in diverse environmental samples (Jensen and Leffers, 
2008; Shore et al., 1995) Although not all phthalates have been evaluated for their toxic effects, 
many that are in widespread use have displayed endocrine-disrupting properties on the 
developing reproductive system, especially in males, in laboratory, animal, and human studies 
(Shore et al., 1995). 
The relative estrogenic activities for different EDCs, with the E2 estrogenicity arbitrarily fixed 
at 100, have values of 246 for EE2, 17.6 for E3, 2.5 for E1, 1.55 for genistein, 0.66 for bisphenol 
A, and 0.32 for nonylphenol, as measured by a cell line in vitro test (Balaguer et al., 1999; 
Pillon et al., 2005).  
1.3.2. Feedlots 
Decades ago, concerns were raised that feedlots could act as a strong source of steroid 
hormones to the aquatic environment (Burnison et al., 2003; Colucci et al., 2001; Kolodziej et 
al., 2004) it was proposed that these hormones would end up in the waterways through 
agricultural activities. 
Livestock excreta contain natural hormones, mainly E1, E2, and E3 (Sarmah et al., 2006). E2 
is present as two epimers, E2α and E2β. These epimers present the hydroxyl group in C17 
below (α) or above (β) the plane of the molecule, which confers on them different properties. 
E2 (17β-estradiol) is the primary metabolite with the highest potency, whereas E1 (estrone) 
and E3 (estriol) are secondary metabolites with  reduced potency (Khanal et al., 2006). 
Estrogen excretion by animals, as in humans, also varies as a function of their sex, physiology, 
developmental state and species.  
According to Combalbert and Hernandez-Raquet (2010), in ruminants, for example, estrogens 
are mainly excreted via faeces (50–70% and 96% in cattle and sheep, respectively) while in 
pigs and poultry they are mainly excreted in urine (90–96% and 69%, respectively). Different 
hormones are produced in different quantities by different species. E2α seems to be the main 
hormone excreted from cattle,  being detected at 2,282 ng/L in raw dairy wastewater, with less 
E2β and E1(Combalbert and Hernandez-Raquet, 2010, Hanselman, 2006). In contrast, in pig 
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excreta, the estrogens detected are mainly E1, E2β, and E3 and their conjugated forms (Kontula 
et al., 1985). E1 dominates swine raw manure with concentrations that can reach waterways at 
average concentrations of 5,300 ng/L (Sinclair and Kannan, 2006). Similarly, in poultry 
excreta, E1 is the main excreted hormone although other hormones can also be detected; E1 
was measured in poultry lagoons at concentrations as high as 5,910 ng/L (Rostkowski et al., 
2006). 
Spreading liquid manure on agricultural fields is a routine way of disposing of animal manure 
and optimizing the use of nutrients for crops, but this practice can lead to the release of 
hormonally active compounds into aquatic environments through runoff (Mclachlan et al., 
2007). Sarmah et al. (2006) used an estrogen receptor competitive binding assay to test the 
biological activity of effluent samples and confirmed that most agricultural waste samples 
contain high levels of estrogenic compounds. Moreover, the use of poultry waste as fertilizer 
on fields has resulted in levels up to 146 ng/L of E2 in surface runoff entering adjacent streams 
(Yonkos et al., 2010).  
Several studies have reported that some of these effluents are able to cause detrimental effects 
in fish and frogs. As an example, poultry litter–associated contaminants induced vitellogenin 
production in male fish and possibly affected sex ratios in resident fish populations (Yonkos et 
al., 2010).  The African clawed frog (Xenopus laevis) development was affected when exposed 
to environmental levels (0.35 and 0.70 g/L) of poultry litter solution prepared in the laboratory 
to mimic a field runoff. (Chen et al., 2013). In another study by Orlando et al. (2004), collected 
wild fathead minnows (Pimephales promelas) exposed to feedlot effluent and observed 
significant alterations in their reproductive biology. Male fish were demasculinized (having 
lower testicular testosterone synthesis, altered head morphometrics and smaller testis size). 
Defeminisation of females was also documented, as shown by a decreased estrogen:androgen 
ratio in steroid hormone synthesis in vitro. 
 
Despite the great majority of the livestock being estrogenic, recently attention has been directed 
at the androgenic hormones found in animal manure mainly of cattle. In 2001, Schiffer et al. 
(2001) reported that the growth promoters trenbolone and melengestrol acetate were detected 
in both stored manure and in soils fertilized with the manure from treated cattle. 
 
13 
 
1.4. Receptor-mediated effects of EDCs 
The main focus so far in the context of the endocrine disruption research has been on exogenous 
chemicals causing endocrine-disrupting effects by agonistically or antagonistically binding to 
sex steroid receptors, members of the family of nuclear receptors (NRs) that mediate hormonal 
signals regulating reproductive processes (Swedenborg et al., 2009). 
It is known that other targets exist such as the thyroid hormone receptors and the retinoid X 
receptor (RXR) (Brar et al., 2010; Nishikawa et al., 2004). Also, the peroxisome proliferator-
activated receptors (PPARs) are targets for EDCs action (Swedenborg et al., 2009). 
Mechanisms of endocrine disruption and the effect of steroid hormones commonly result from 
an interaction with specific nuclear hormone receptors estrogen receptors (ERs), or androgen 
receptors (ARs). When bound by an agonist, a receptor-mediated response is initiated. Steroid 
chemicals can diffuse into the cell and bind to a specific receptor. The formation of this 
complex provokes a change in the conformation of the receptor, which leads to the modulation 
of gene expression in the target cells (Beato, 1989). However, binding of chemicals to hormone 
receptors can also elicit partial agonistic or antagonistic responses (binding to the receptor but 
not eliciting a response). For example, when considering the ER, a chemical that binds as an 
antagonist would not elicit the normal response but competitively occupy the receptor site and 
therefore estrogens can activate it (Nicol, 2014). 
1.4.1. Estrogens and estrogen receptor 
Estrogens play a critical role in the regulation of vital processes for species reproduction and 
survival.  Estrogens control oogenesis, vitellogenesis, gonadotropin regulation, gonadal 
development and other aspects of reproduction (Forsgren and Young, 2012; Miura et al., 2007).  
Estrogen receptors are mostly found in the cytoplasm as complexes with inhibitory heat shock 
proteins.  Fish are known to have at least two different receptor subtypes (ERα, ERβ) (Socorro 
et al., 2000). In the presence of a steroid hormone (ligand), the heat shock protein complex is 
lost and the receptors form homodimers or heterodimers (between ERα and ERβ). These dimers 
relocating to the nucleus and interacting with specific regions on the DNA termed estrogen 
response elements (EREs) (O'Malley and Tsai, 1992). They also can interact with transcription 
factors already associated with the DNA such as AP1, nuclear factor-κB and Sp1 (Bjornstrom 
and Sjoberg, 2005; Nelson and Habibi, 2013). 
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ER receptors have been studied in different organs, mainly in liver and gonads. It is in the liver 
that the primary source of the egg yolk precursor protein - vitellogenin (Vtg) is synthesized. 
The hepatic vitellogenin induced by natural estrogens and so it is also induced by estrogen-
mimicking compounds.  
 
1.4.2. Environmental effects of estrogens 
In surface waters, most of the estrogens have a relatively short life (approx. 10 days); however, 
their continuous input can take a form of pseudo-persistence that can lead to increased effects 
(Combalbert and Hernandez-Raquet, 2010). 
In fish species, the effects of natural estrogens 17β-estradiol, estrone, estriol and the 
xenoestrogen 17α-ethynylestradiol are the best studied EDCs. This is because they are 
commonly found in the aquatic environment as a result of sewage effluent, and are active at 
very low (~ng/L) concentrations (Desbrow et al., 1998). 
Estrogens have deleterious effects in fish as demonstrated by both field and laboratory studies. 
In the field, one of the first examples came from the wild roach (Rutilus rutilis) caught in 
English rivers. Fish presented abnormalities that were correlated with low levels (~ng/L) of 
estrogenic chemicals such as estrone (E1), 17β-estradiol (E2) and 17α-ethinylestradiol (EE2) 
sourced from treated wastewater (Desbrow et al., 1998; Jobling et al., 1998). This led to an 
array of further studies and since then, evidence has accumulated across countries and species. 
The effects include disrupted embryonic development (Rasmussen et al., 2002); complete sex 
reversal (Orn et al., 2003); intersex and reduced fertility (Barnhoorn et al., 2004; Harris et al., 
2011; Jobling et al., 2002; Jobling et al., 1998); and reproductive failure (Nash et al., 2004). In 
worst-case scenarios, endocrine disruption has led to near- extinction, as demonstrated by a 
study where fathead minnows (Pimephales promelas) were exposed to 5-6 ng/L in a seven-
year whole lake experiment in Canada (Kidd et al., 2007). Recently effects on sex behavior 
have been reported, as well as potential effects on another target system other than those 
triggered by the ligand-estrogen receptor (Filby et al., 2012; Marino et al., 2006). These are 
complex pathways where E2 interferes with other signaling pathways such as skeletal 
development (Pinto et al., 2014) or thyroid hormone receptors (Nelson et al., 2010) 
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1.4.3. Androgens and androgen receptors 
In fish, the endogenous ligand testosterone (T) and 11-ketotestosterone (11-KT) are responsible 
for gonadal differentiation and the expression of male secondary sexual characteristics (Harbott 
et al., 2007). 
The AR binds androgens and compounds with structural similarities to natural androgens that 
stimulate a receptor-mediated response. The AR, similar to the estrogen receptor, is only 
activated in the presence of a ligand that binds to the binding domain on the AR and changes 
its configuration. The complex translocates into the nucleus, is phosphorylated and dimerises, 
followed by binding to a specific androgen-response element on the DNA (Boelsterli, 2007). 
The AR levels are regulated at both transcriptional and protein levels primarily by androgens, 
although other hormones and growth factors are also involved (Boelsterli, 2007). 
In fish, at least two different receptor subtypes alpha (ARα) and beta (ARβ) have been 
identified (Harbott et al., 2007). Most teleost fish-ARs display more affinity for testosterone 
(T) than for 11-ketotestosterone (11-KT) (Pottinger, 1987; Slater et al., 1995). Depending on 
the fish species, the proportion of the circulating levels of 11-KT/T seems to vary. The ARβ 
seems, however, to be more responsive to 11-KT levels than to testosterone (Olsson et al., 
2005). 
1.4.4. Environmental effects of androgens 
Very little attention has been given to androgen-mimicking compounds when compared to 
environmental estrogens. However, recently a growing number of studies has aimed to address 
the potential impact of androgen-mimicking substances in the environment, leading to a better 
knowledge of the effects of these substances (Martyniuk and Denslow, 2012). 
One of the earliest reports on the effects of androgenic chemicals was on fish living near pulp 
and paper mill effluents, which contained AR agonists that mimic the action of the natural 
androgens (Denton et al., 1985). Another well-known case of endocrine disruptive effects by 
interacting with the AR receptor is DDE, a metabolite of the pesticide DDT. DDE  led to the 
reduction of penis sizes and a drop in testosterone plasma concentrations in alligators living in 
Lake Apopka (Guillette et al., 1996).  The study, reported that DDE antagonistically interacts 
with the AR, making the AR-ligand complex unstable, such that it is unable to translocate into 
the nucleus to bind to the androgen response element in the DNA. This leads to an inhibition 
of AR-mediated gene activation and associated downstream effects (Guillette et al., 1996; 
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Sohoni and Sumpter, 1998). A similar mode of action has been reported for the therapeutic 
agents flutamide and the fungicide vinclozolin (Kavlock and Cummings, 2005; Kontula et al., 
1985). 
Feedlots have been increasingly viewed as a threat to aquatic ecosystems. They can be 
responsible for the introduction of both natural and synthetic estrogens and androgens into the 
environment (Gall et al., 2011; Khan et al., 2008).  
 
1.5. Unpredictability of the effects of EDCs 
1.5.1. EDCs occur in mixtures rather than single compounds 
The effects of EDCs are often unpredictable. Few studies have been performed with mixtures 
of different classes of EDCs. By contrast with the somewhat predictable effects of mixtures 
with a similar mode of action, the effects of mixtures of different classes are rather 
unpredictable and unexplored (Kortenkamp, 2007; Spurgeon et al., 2010). 
In the environment, organisms are hardly ever exposed to a single compound but often to 
complex contaminant cocktails of chemicals (Thorpe et al. 2006). Some of the mixtures of 
EDCs can elicit responses at concentrations that were ineffective when the selected compounds 
were administered alone (Correia et al., 2007; Sárria et al., 2011; Silva et al., 2002).  Despite 
the presence of endocrine disrupting chemicals being a ubiquitous phenomenon, field studies 
assessing effects of EDCs conclude that endocrine disruption in fish does not seem to be ever 
present (Hunt et al., 1991; Kumar et al., 2012; Sun et al., 2009; Thorpe et al., 2006). Often, 
endocrine disruptive effects seem rather to be the reported studies on wild populations of 
animals and limited to a very few animal species associated with highly contaminated sites, 
often centred on localized ‘hot-spots’ of chemical discharges or in some cases with areas 
primarily contaminated with EDCs belonging to the same class (Tyler et al., 1998). As an 
example, endocrine disruptive effects are often observed downstream of WWTPs, where 
estrogenic chemicals are the main class of contaminants (Thorpe et al., 2006; Vajda et al., 
2008). This suggests that the effects of estrogenic EDCs in the field could be not only balanced 
by the presence of other chemicals with different modes of action such as anti-estrogens or 
androgens (Santos et al., 2006) but also due to the difficulty of measuring fish reproduction 
and population variables under field conditions and making firm associations with causative 
factors (Matthiessen, 2018). 
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1.5.2. Atypical dose-response 
Paracelsus once stated: “All things are poison and nothing (is) without a poison”. The central 
dogma of toxicology is often re-stated as “the dose makes the poison”, which implies that a 
given dose will produce a given response (Waddell, 2010). Based on this, it is assumed that 
there is a monotonic, if not a linear, relationship between dose and effect  (Zoeller and 
Vandenberg, 2015).  Over the years demonstrating this has been one of the biggest challenges 
not only in assessing effects of EDCs but also in predicting them. 
The dose-response curve for one of the most common biomarkers of endocrine disruption - 
vitellogenin induction - is often sigmoidal in fish exposed to EE2 and estrogenic effluents with 
low levels of compounds causing an effect, while high concentrations can have the opposite 
effect (Jobling et al., 2004). The reproductive output of snails exposed to effluents and 
individual estrogenic chemicals over different time consistently obtained responses that were 
U-shaped (Jobling et al., 2004). Inverted U-shaped dose-response curves were reported for the 
effects of 0.05-3.4 μg/L of 4- nonylphenol on egg production, plasma vitellogenin and plasma 
estradiol in fathead minnow (Giesy et al., 2000).  Prostate enlargement was observed in mice 
due to fetal exposure to low concentrations of estradiol or diethylstilbestrol while opposite 
effects were observed at high concentrations leading to increased prostate weight in mice (vom 
Saal et al., 2007). Biphasic dose response curves were also produced on the induction of 
micronuclei in RTL-W1 cells by  exposure to 17β trenbolone with concentrations up to 2 mg/L 
causing a significant induction of micronuclei whereas no significant effects were observed at 
concentrations from 4 - 32 mg/L (Boettcher et al., 2011).  
1.5.3. Sensitive window 
Particular developmental stages that require fine hormone balance are more vulnerable to 
external hormone influence than others. Sexual development, including gonad differentiation 
during larval and juvenile life-stages, and reproduction in mature adults offer two “windows” 
of enhanced sensitivity of fish to EDCs (Ankley and Johnson, 2004). 
Different life-stage sensitivity effects have been reported across different species such as 
zebrafish (Brion et al., 2004; Maack and Segner, 2004), Japanese medaka (Koger et al., 2000), 
fathead minnow (van Aerle et al., 2002) and Atlantic cod (Gadus morhua) (Meier et al., 2010). 
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For example, EDCs can cause no effects in adult fish but provoke the complete feminization 
of the species if the exposure occurs during the embryonic/ juvenile periods, as observed by 
Liney et al. (2005) in a study where the common roach (Rutilus rutilus) was exposed to a range 
of wastewater effluent concentrations. Both larval and older stages of the Atlantic salmon were 
most sensitive than their embryonic stage (Duffy et al., 2014). 
1.6. Biomarkers of EDCs 
When organisms are exposed to EDCs, biomarkers are used as indicators of changes that can 
be measured at different levels: molecular, cellular, and histopathological (Arukwe and 
Goksoyr, 2003; Fossi et al., 2002). In general, biomarkers may be classified into biomarkers of 
exposure, biomarkers of effect, and biomarkers of susceptibility (Fowler, 2012).  
1) Biomarkers of exposure:  Involves a measurable biological response that is indicative of an 
exposure to certain chemical or class of compound, but which is not necessarily indicative 
of a physiological impact. 
2)   Biomarkers of effect:  biological measurement that is indicative of a physiological change.   
3) Biomarkers of susceptibility: this indicates the hereditary or acquired ability of an organism 
to respond to the challenge of the exposure contaminant. Genetic and receptor changes can 
modify the susceptibility of an organism to the exposure (Taylor and Maher, 2016). 
This thesis only focuses on the biomarkers of exposure.  When assessing endocrine disruptive 
effects in fish, researchers have been used a wide range of biomarkers that try to cover multiple 
points at multiple levels of organization (Hutchinson et al., 2006).  Commonly used biomarkers 
are: secondary sexual characteristics, gonadosomatic indexes, levels of circulating sex 
hormones and vitellogenin (Vtg) in plasma, the enzyme aromatase (CYP19) and gene 
expression of estrogen receptors, androgen receptors and choriogenin.  Histopathological 
changes of gonads and liver are often an additional tool evaluation of endocrine disruptive 
effects on fish species (Stentiford et al., 2003; Van der Ven et al., 2003; Wester et al., 2003). 
Other ecologically relevant endpoints such as spawning success and fecundity success have 
been used to reveal effects at very low concentrations of EDCs (Nash et al., 2004; Saaristo et 
al., 2009). 
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1.6.1. Vitellogenin induction 
One of the most documented effects of xeno-estrogens is the induction of vitellogenins (Vtg), 
which has been extensively used as a biomarker in both laboratory and field studies across 
various species (Craft et al., 2004; Hecker et al., 2002; Solé et al., 2001; Thompson et al., 
2000). Vitellogenin(s) are among the major yolk protein precursors in both oviparous 
vertebrate and invertebrate groups acting as a nutrient that is essential to provide energy 
reserves for the embryo development (Tyler et al., 1998; Tyler et al., 1997; Tyler et al., 1990). 
In fish, vitellogenesis is the process whereby eggs acquire yolk, and it involves the synthesis 
of vitellogenin by the liver and its uptake by growing oocytes, where it is stored as yolk.  
 
The production of vitellogenin is under the control (Figure 2) of  estrogen and is therefore 
usually restricted to females and not normally detected in the plasma of male fish (Tyler et al., 
1998). However, males do carry the vtg gene, and exposure to both natural and synthetic 
estrogens can induce its expression (Le Guellec et al., 1988). Exposure to estrogens and xeno-
estrogens triggered the synthesis and secretion of vitellogenin in males of different fish species 
in both field and laboratory studies (Dick Vethaak et al., 2002; Jobling et al., 2004). 
Vitellogenin as a biomarker takes advantage of the vitellogenin specificity for estrogen levels 
as well as the magnitude of the possible response (plasma: from ng/mL to mg/mL) (Tyler et 
al., 1990). When estrogen levels are inhibited, vitellogenin levels are reduced in the presence 
of androgens and xeno-androgens (Cripe et al., 2010; Jensen et al., 2006).  
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Figure 2. Schematic view of vitellogenesis in oviparous vertebrates.  Vitellogenin (Vtg) is a 
lipoglycophosphoprotein and serves as a major precursor of egg yolk proteins stored as 
essential nutrients for future embryogenesis in the ovary. In a mature female, the hormone 
gonadotropin stimulates the ovary to produce 17β estradiol that is transported in the blood to 
the liver where it binds estrogen receptor, and both activate the vtg gene leading to the protein 
vitellogenin that is then transported again in the blood and accumulated in the ovary. Modified 
and adapted from Campbell and Reece (2005). 
 
1.6.2. Vitellogenin measurement 
Several methodologies have been developed for the determination of Vtg, such as 
immunotechniques (ELISA, Western blot) (Hennies et al., 2003), radioimmunoassays (Tyler 
and Sumpter, 1990) or more recently molecular markers, real-time polymerase chain reaction 
assays that were optimized for the vtg genes (Miller et al., 2015). Additionally, indirect 
methods can also be used since they take advantage of the Vtg characteristics (Hallgren et al., 
2009, 2012).  
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Immunotechniques are by far the most common method of measuring Vtg levels in plasma and 
organs such as liver (Jensen and Ankley, 2006). However, these techniques require specific 
antibodies for the test species and, despite assays for Vtg being available for a wide range of 
fish species, for some species such as the native Australian species, no commercial specific 
antibodies are available. In this case, often further testing with non-specific antibodies is 
required, which can be costly and time-consuming. 
One of the alternative ways to the immunoassays is an indirect quantification of Vtg, which 
utilizes the properties of vitellogenin as a precursor of a mineral storage protein in the yolk 
(Arukwe and Goksoyr, 2003; Hiramatsu et al., 2006). Following the sequestration of 
vitellogenin into the developing oocytes, the molecule is cleaved to produce lipovitellin and 
phosphovitin in the ratio of 1:2 in each monomer (Montorzi et al., 1995). Phosphovitin contains 
50-60% of phosphorylated serine residues that make the Vtg a heavily phosphorylated protein 
and is, after the onset of vitellogenesis, the dominant protein in plasma (Hallgren et al., 2012) 
. Because of the phosphate groups, both lipovitellin and phosphovitin have a great affinity for 
metal ions. Indeed, Vtg is the main carrier of circulating calcium in the plasma (Magliola, 1984; 
Pinto et al., 2014). Other important metals such as iron are mainly found in the yolk in the form 
of complexes with phosphovitin, whereas lipovitellin can contain up to 90% of the yolk zinc. 
Therefore, such proprieties can be used to indirectly measure vitellogenin. Measurements of 
phosphate (Gagnaire et al., 2009; Gagné et al., 2005; Hallgren et al., 2012; Lv et al., 2007; 
Versonnen et al., 2004), zinc (Mitchell and Carlisle, 1991) and calcium (Gillespie and de 
Peyster, 2004) contents have been used as a surrogate method to assess Vtg across different 
species. 
Recently the measurement of vitellogenin mRNA has been demonstrated to be equally 
sensitive as a proxy for the measurement of vitellogenin. Moreover, vitellogenin mRNA is 
induced within a few hours of the exposure, which offers the potential to develop its use for 
very short-term screens (Hutchinson et al., 2006) . 
 
1.6.3. Other biomarkers  
 
Gene expression has increasingly been used to study the different modes of action of different 
EDCs. These include the estrogen receptors (ERα, ERβ) androgen receptors (ARα, ARβ), 
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choriogenin (ChgL), gonadotrophins (follicle-stimulating hormone- FSH-RH and luteinizing 
hormone (LHRH), and hormones derived from the pituitary gland that control gonad 
development as well as enzymes such aromatase P450 (cyp19), an enzyme that is responsible 
for the aromatization of androgens into estrogens. Compared to estrogens, where several 
biomarkers can be used, relatively few biomarkers exist for androgens mimicking compounds, 
perhaps because they have only gained attention in recent years compared with estrogen 
mimicking compounds. In the future, new and more specific biomarkers are predicted to be 
endorsed with increased accessibility to new and emerging areas such as metabolomics and 
proteomics, providing essential clues for toxicologists. 
1.7. EDCs from an Australian perspective 
 
In Australia, where water restrictions are often in place and environmental water flows are in 
decline, there is a need to ensure good quality environmental waters for the health of aquatic 
ecosystems (Miranda et al., 2010). In Australia, EDCs have been detected at concentrations 
comparable to those found in other developed countries (Allinson et al., 2010; Ferguson et al., 
2013; Leusch et al., 2006; Scott et al., 2014a; Scott et al., 2014b).  
As an example, in a study by Allinson et al. (2010), concentrations of ethinylestradiol (E2) 
ranged in winter from 0.1–12.4 ng/L and 0.1–32.0 ng/L for estrone (E1). During summer E2 
concentrations ranged from 0.05–18.5 ng/L and E1 concentrations from 0.2–18.4 ng/L. 
These compounds reach waterways mainly through WWTPs effluents, industrial inputs, 
livestock and agriculture run-offs, but, very limited information is available about the relative 
impacts of the different sources of EDCs to the Australian aquatic environment (Kumar et al., 
2012; Langdon et al., 2011; Scott et al., 2017). 
One of the first studies in Australia to assess possible effects of EDCs was that of  Batty and 
Lim (1999) in which the anal fin size of mosquito fish living in a sewage-contaminated river 
system in New South Wales was reduced compared to other fish. Since then various field-and 
laboratory-based studies have tried to assess the potential impact of these chemicals on fish 
(Hassell et al., 2016; Shanthanagouda et al., 2013). In laboratory based studies conducted by 
Woods and Kumar (2011), VTG mRNA transcripts and protein were upregulated in a dose-
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responsive manner in male Murray River rainbowfish (Melanotaenia fluviatilis) exposed to E2. 
The  calculated 10% effective concentration (EC10) values for E2 of 3.71 ng/L and 11.6 ng/L 
for vitellogenin mRNA and protein, respectively. 
 Vajda et al. (2015) exposed the native Murray River rainbowfish to effluents from an activated 
sludge WWTP and to water from the Murray River during a 28-d, continuous-flow, on-site 
experiment. Analysis of the WWTP effluent and the river water detected both estrone and 17β-
estradiol at concentrations up to approximately 25 ng/L. During this study,  estrogenicity was 
only weakly detected in vitro using yeast-based bioassays (yeast estrogen screen) during the 
first 4 days of exposure which coincided with the highest concentrations of estrone and 17β-
estradiol.   However, strong anti-estrogenicity of effluent samples was detected in vitro 
throughout the experiment, and this might explain the lack of effects. Surprisingly, neither 
neither plasma vitellogenin concentrations nor the expression of vitellogenin messenger RNA 
in liver were significantly affected by the  exposure to effluent. Clearly, there is a need to  
screen other EDCs with modes of action other than estrogenic, such as androgenic anti-
estrogenic and anti-androgenic compounds,  as well as to develop new ways to assess mixtures 
of these chemicals. 
1.7.1. Melanotaenia fluviatilis as the Australian fish model - its value in EDC research  
The use of native fish species in ecotoxicology has been established as a priority over the years 
in Australia (Bhatia and Kumar, 2016; Harford et al., 2005; Pollino et al., 2007b; Vajda et al., 
2015). One of the most critical steps to allow objective risk assessments of EDCs is to identify 
the sensitivity of species native to the environments of concern (Beitel et al., 2014). Still, most 
of the data used to date in support of environmental risk assessments of EDCs in aquatic 
systems is based on standard, small bodied, laboratory species such as the fathead minnow 
(Pimephales promelas), Japanese medaka (Oryzias latipes), and zebrafish (Danio rerio) that 
often are not representative of the environments of concern (Beitel et al., 2014{Doering, 2014 
#1913)}. 
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Figure 3. Murray River rainbowfish (Melanotaenia fluviatilis). Female (top) and male fish 
(below). Source: Gunther Schmida, rainbowfish.angfaqld.org.au 
The Murray River rainbowfish is a native Australian species that can be found mainly in the 
Murray-Darling basin, in slow-moving waters in rivers, creeks, ponds and reservoirs. Males 
typically have elongated dorsal and anal fins with black edges, while females have smaller 
clear rounded dorsal and anal fins (Figure 3). Fecundity is low (average 130 eggs, range 35– 
333) with females laying 5–20 eggs per batch, in 3–4 batches per day for several days. The 
eggs sink and lodge amongst aquatic plants, where they attach via adhesive threads. Eggs 
usually range from 0.98 to 1.07 mm and have 35-45 oil droplets, hatching within 7-9 days after 
spawning at 25.5o C (Reid and Holdway, 1995). Hatched larvae usually measure around 4.2 
mm in length and have a small yolk sac.  After 12 h post hatch fry swim actively to the water 
top layers of the water and ingest algae and other small food particles.  
Rainbowfish of the genus Melanotaenia have been widely used in ecotoxicology to assess the 
effects of hydrocarbons (Pollino and Holdway, 2002b), pesticides  (Holdway et al., 1994; Reid 
et al., 1995), heavy metals (Williams and Holdway, 2000) and endocrine disrupting chemicals 
(Bhatia et al., 2014b; Vajda et al., 2015). The value of M. fluviatilis to evaluate endocrine 
disruptive effects resides in its sexual dimorphism and its short life cycle. They can be easily 
maintained under laboratory conditions, where they successfully breed and can reach the adult 
stage within 7-8 months. 
 
1.8. Thesis objectives 
 
The overall aim of this project is to assess the effects of EDCs with different modes of action, 
including mixtures and new emerging chemicals, on M. fluviatilis. 
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The specific objectives of this thesis were to: 
 
1. Assess the effects of various concentrations of 17α trenbolone, an androgenic chemical, 
on both male and female adult fish by analysing effects on their gonads, vitellogenin 
levels (protein and mRNA) and determine its effects on their reproductive output by 
measuring the total number of eggs by breeding groups of fish and measuring their 
hatchability and deformation rates. 
2. Determine the effects to adult male M. fluvialitis when fish are exposed to mixtures of 
chemicals with different modes of action such as 17β estradiol. The relative gene 
expression of steroid receptors in the liver, as well as induction of vitellogenin in the 
plasma, were used to assess potential effects of mixtures of both low and high 
concentrations of trenbolone. 
3. Determine the effects of the controversial “estrogenic” pesticide atrazine on both male 
and female adult M. fluvialitis. Potential endocrine disruptive effects were measured by 
plasma vitellogenin concentrations and gonad histopathology and the activity of the 
enzyme ethoxyresorufin-O-deethylase (EROD) was used to evaluate general toxicity.  
4. Assess if commonly used biomarkers respond when fish are exposed to mixtures of 
EDCs at low-level concentrations similar to those found in the field. The effects of the 
single compounds atrazine, estrone, propylparaben and pyrimethanil and mixtures in 
the water of rivers receiving wastewaters were evaluated. Among the biomarkers 
chosen were vitellogenin (measured by ELISA) and histopathological alterations in 
liver and gonads. 
 
5. To understand the potential for perfluorooctanoic acid (PFOA) to cause in vivo 
estrogenic effects on adult male M. fluviatilis by measuring vitellogenin levels. The 
potential for PFOA to alter thyroid homeostasis was also evaluated by quantifying 
circulatory T3/T4 levels, and oxidative homeostasis was determined in the liver and gill 
tissues by quantifying the antioxidant enzyme activities of catalase (CAT), glutathione 
S-transferase (GST) and lipid peroxidation. 
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1.9. Thesis outline 
 
This thesis is presented as individual papers, each of which addresses one of the specific 
objectives listed above and has been (or will be) submitted for publication in a peer-reviewed 
journal. 
 
Chapter 1 (This chapter) presents an introduction to endocrine disruption. 
 
Chapter 2 presents a review of the literature on the main compounds tested:  17α-trenbolone, 
atrazine and perfluorooctanoic acid (PFOA). 
 
Chapter 3 presents the the effects on 17α-trenbolone on reproductive success of adult M. 
fluviatilis addressing the first objective. 
 
Chapter 4 presents the effects of 17α-trenbolone in mixture with endocrine disruptors with 
different modes of action:  17β-estradiol addressing the second objective. 
 
Chapter 5 presents the effects of atrazine on M. fluviatilis, addressing objective number 3. 
Chapter 6 presents the effects of atrazine, estrone, propylparaben and pyrimethanil 
individually and as mixtures that simulated concentrations in river water receiving 
wastewaters, addressing objective number 4. 
 
Chapter 7 investigates the effects of PFOA on M. fluviatilis, addressing objective number 5. 
 
Finally, Chapter 8 provides a general discussion and conclusions based on the information 
gathered from the individual chapters. References used in each chapter are located at the end 
of each chapter, prior to any appendices. 
 
27 
 
 
Chapter 2 
 
Review of the effects of trenbolone, atrazine and perfluorooctanoic acid 
(PFOA) 
2.1. Trenbolone 
Trenbolone acetate (TBA), is a synthetic androgen with an androgenic and anabolic potency 
15-50 times greater than those of testosterone (Kolodziej et al., 2013). It is administered  to 
livestock by implantation of a continuously releasing hormone pellet (300 mg) in the ear in 
order to increase body and carcass weight (Hunt et al., 1991). Within the animal body, TBA is 
hydrolysed to 17β-trenbolone, a potent androgen receptor agonist, that is oxidized to trendione 
and then reduced to 17α-trenbolone (Schiffer et al., 2001). Approximately 95 % of TBA is then 
excreted through urine as 17α-trenbolone (Schiffer et al., 2001). However, between the two 
isomeric forms, 17β-trenbolone is the best studied due to its greater bioactivity (Kolodziej et 
al., 2013) and high persistence (with a half-life of approximately 260 days) (Schiffer et al., 
2001). Feedlot effluents contain detectable concentrations of both 17α-trenbolone and 17β-
trenbolone (Durhan et al., 2006).  These have been detected at levels of 1.7 ng/kg in effluent 
and 5-75 ng/kg in solid manure (Schiffer et al., 2001), and from  20 ng/L, in a diffuse run-off, 
(Durhan et al., 2006) to 162 ng/L in fields directly receiving effluents (Gall et al., 2011). The 
studies that have assessed the potential effects across different fish species showed reduced 
vitellogenin concentrations in female fish (Jensen et al., 2006; Wilson et al., 2002), complete 
and irreversible masculinization at environmentally relevant concentrations (Morthorst et al., 
2010; Sone et al., 2005), and lack of eyes in fish embryos (Schultz et al., 2008) (Table 1). 
In feedlots, these metabolites usually appear in mixtures with other known EDCs such as 
exogenous natural excreted hormones (17β estradiol, estrone, estriol, testosterone, and 
androstenedione). For example, in a field trial in the United States, the presence of both 
synthetic androgens and natural estrogens was detected over a period of 15 months in various 
types of animal waste (beef, dairy, and poultry lagoon effluent, dairy solids, and subsurface 
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injection of swine manure). The waste sampling revealed the presence of hormone active 
compounds in 64% of the collected samples, with estrone being detected the most frequently 
and estriol the least. Among the androgens, testosterone and androstenedione were detected 
more frequently than synthetic androgens, which were detected in less than 15% of samples 
(Gall et al., 2011). 
Since both androgens and estrogens seem often co-exist in the environment, it would be 
relevant to assess the effect of their mixtures.  
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2.2. Atrazine as an Endocrine Disrupting Chemical 
The herbicide atrazine is one of the most frequently detected herbicides in the aquatic 
environment (Dong et al., 2009; Tillitt et al., 2010). This herbicide is effective in the 
elimination of weeds from crops as well as relatively inexpensive. Due to its heavy use in a 
large number of crops and  persistence, atrazine is found at low concentrations in waters and 
sediments, potentially causing unintended impacts on aquatic organisms  (Jablonowski et al., 
2011). This pesticide has been linked to several effects but not always consensual. Reported 
effects range from  biochemical changes (Dong et al., 2009; Santos and Martinez, 2012), DNA 
damage (Santos and Martinez, 2012),  histopathological changes (Paulino et al., 2012) and 
physiological effects (Nieves-Puigdoller et al., 2007). Atrazine is a suspected EDC and the 
suspicion of its endocrine disruptive action began after being implicated in causing 
hermaphroditism in frogs  (Hayes et al., 2002). Hayes et al. (2010) reported that 10 % of male 
frogs that were raised in water containing atrazine at concentrations as low as 2.5 ppb presented 
female sex characteristics, had reduced levels of sperm and testosterone, as well as ovotestis. 
Several studies have evaluated potential effects of atrazine as an EDC on frogs and fish 
however conflicting results regarding its toxicity and effects were reported (Blahova et al., 
2013; Botelho et al., 2015; Bruhl et al., 2011; Coady et al., 2005; Shenoy, 2012; Wu et al., 
2015).  
Effects of atrazine in fish were summarized in Table 2. The reported effects of atrazine have 
not been consensual.  For example, no effects were observed in the egg production mean or 
number of spawning events in adult Japanese medaka exposed for 21 days to concentrations 
up to 50 μg/L of atrazine (Bringolf et al., 2004). On the other hand, Tillitt et al. (2010) observed 
a decrease in total egg production and in a total number of spawning events at similar 
concentrations (5, 50 and 250 μg/) after 21 days, for the same species.  Wibirski et al. (2016) 
observed a decrease in spawning events at 30 μg/L and an increase in atretic follicles in adult 
female zebrafish at 50 μg/L. Papoulias et al. (2014) exposed virgin breeding groups of Japanese 
medaka to atrazine in a flow-through diluter for 14 and 38 days reporting a decreased in the 
total number of eggs produced at all concentrations tested, ranging from 0.5 μg/L to 50 μg/L. 
Additionally, males exposed to atrazine had a greater number of abnormal germ cells in gonads, 
34 
 
whereas there were no effects on the gonadosomatic index, aromatase, or whole body 
concentrations of 17β estradiol or testosterone (Papoulias et al., 2014). 
The reduction of 11-ketotestosterone levels in male adult goldfish has been reported when fish 
were exposed to 1000 μg/L of atrazine (Nadzialek et al., 2008; Spanò et al., 2004). Yet, changes 
of vitellogenin levels have not been observed in fish although the sexual behavior was altered 
in adult male guppies (Shenoy, 2012, 2014). Recently, transcriptomic analysis of zebrafish 
exposed to 30 μg/L of atrazine revealed that genes involved in neuroendocrine functions, the 
serotonergic pathway and reproductive system function, cell cycle, and carcinogenesis, have 
been altered (Weber et al., 2013; Wirbisky et al., 2016).
35
 
  T
ab
le
 2
.2
.  
Su
m
m
ar
y 
of
 th
e 
ef
fe
ct
s o
f t
he
 p
es
tic
id
e 
at
ra
zi
ne
 o
n 
fis
h 
sp
ec
ie
s 
E
xp
os
ur
e 
(μ
g/
L,
 u
nl
es
s 
st
at
ed
 
ot
he
rw
is
e)
 
Sp
ec
ie
s 
Li
fe
 st
ag
e 
D
ur
at
io
n 
(d
ay
s, 
un
le
ss
 
st
at
ed
 
ot
he
rw
is
e)
 
O
ut
co
m
es
 
R
ef
er
en
ce
 
0,
 0
.1
, 1
,1
0 
μM
  
Ze
br
af
is
h 
(D
an
io
 re
rio
) 
Eg
g-
 
em
br
yo
 
17
-1
30
 d
pf
 
N
o 
al
te
ra
tio
ns
 in
 se
x 
ra
tio
; N
o 
al
te
ra
tio
ns
 in
 g
on
ad
 d
ev
el
op
m
en
t 
(C
or
vi
 e
t a
l.,
 2
01
2)
 
0,
 0
.3
, 3
, 3
0 
 
Ze
br
af
is
h 
(D
an
io
 re
rio
) 
Eg
g-
 
em
br
yo
 
 1
–7
2 
dp
f 
A
 s
ig
ni
fic
an
t 
in
cr
ea
se
 i
n 
he
ad
 l
en
gt
h 
at
 7
2 
hp
f 
in
 a
ll 
at
ra
zi
ne
 t
re
at
m
en
ts
; 
Tr
an
sc
rip
to
m
ic
 d
at
a 
in
cl
ud
ed
 g
en
es
 a
lte
re
d 
in
 n
eu
ro
en
do
cr
in
e 
an
d 
re
pr
od
uc
tiv
e 
sy
st
em
 fu
nc
tio
n,
 c
el
l c
yc
le
, a
nd
 c
ar
ci
no
ge
ne
si
s 
(W
eb
er
 e
t a
l.,
 2
01
3)
 
0,
 0
.3
, 3
, 3
0 
 
Ze
br
af
is
h 
(D
an
io
 re
rio
) 
Eg
g-
 
em
br
yo
-
m
at
ur
e 
 1
–7
2 
dp
f 
D
ec
re
as
e 
in
 s
pa
w
ni
ng
 e
ve
nt
s 
at
 3
0 
μg
/L
 tr
ea
tm
en
t; 
Eg
g 
bo
un
d 
an
d 
in
cr
ea
se
 in
 
at
re
tic
 f
ol
lic
le
s 
in
 a
du
lt 
fe
m
al
es
 e
xp
os
ed
 t
o 
30
 μ
g/
L;
 I
nc
re
as
e 
in
 o
va
ria
n 
pr
og
es
te
ro
ne
 in
 a
du
lt 
fe
m
al
es
 e
xp
os
ed
 to
 3
 o
r 3
0 
μg
/L
; T
ra
ns
cr
ip
to
m
ic
 a
na
ly
si
s 
re
ve
al
ed
 a
lte
ra
tio
ns
 in
 g
en
es
 in
vo
lv
ed
 in
 s
te
ro
id
og
en
es
is
 in
 a
du
lt 
fe
m
al
e 
ov
ar
y;
 
D
ec
re
as
e 
in
 s
er
ot
on
in
 m
et
ab
ol
ite
 5
-h
yd
ro
xy
in
do
le
ac
et
ic
 a
ci
d 
an
d 
se
ro
to
ni
n 
tu
rn
ov
er
 in
 a
du
lt 
fe
m
al
e 
br
ai
n;
 T
ra
ns
cr
ip
to
m
ic
 a
na
ly
si
s 
re
ve
al
ed
 a
lte
ra
tio
ns
 in
 
ge
ne
s t
hr
ou
gh
ou
t t
he
 se
ro
to
ne
rg
ic
 p
at
hw
ay
 in
 a
du
lt 
fe
m
al
e 
br
ai
n 
 
(W
irb
is
ky
 e
t a
l.,
 2
01
6)
  
0,
 0
.1
, 
0.
5,
 5
, 
50
, 1
00
 
B
ar
ra
m
un
di
 
(L
at
es
 
ca
lc
ar
ife
r)
 
Ju
ve
ni
le
  
 2
 
Ex
pr
es
si
on
 o
f 
he
pa
tic
 v
ite
llo
ge
ni
n 
w
as
 n
ot
 a
ff
ec
te
d;
 n
o 
ef
fe
ct
 o
n 
br
ai
n 
cy
to
ch
ro
m
e 
P1
9B
 ( c
yp
19
b)
 a
nd
 th
e 
ra
tio
 o
f T
:1
7β
 e
st
ra
di
ol
 w
as
 st
ab
le
 
(K
ro
on
 e
t a
l.,
 2
01
4)
 
0,
 5
, 5
0 
Fa
th
ea
d 
m
in
no
w
 
(P
im
ep
ha
le
s 
pr
om
el
as
) 
A
du
lt 
 
21
 
N
o 
al
te
ra
tio
ns
 in
 s
ur
vi
va
l, 
sp
aw
ni
ng
, e
gg
 p
ro
du
ct
io
n,
 re
la
tiv
e 
go
na
d 
w
ei
gh
t, 
or
 
in
 g
on
ad
 h
is
to
lo
gy
 
(B
rin
go
lf 
et
 a
l.,
 2
00
4)
 
0,
 1
00
, 1
00
0 
 
G
ol
df
is
h 
(C
ar
as
si
us
 
au
ra
tu
s)
 
A
du
lt 
 
21
 
N
o 
al
te
ra
tio
ns
 in
 th
e 
G
SI
; D
ec
re
as
e 
in
 te
st
os
te
ro
ne
 a
nd
 1
1-
ke
to
te
st
os
te
ro
ne
 a
nd
 
an
 i
nc
re
as
e 
in
 e
st
ra
di
ol
 l
ev
el
s 
in
 t
he
 1
00
0 
μg
/L
 t
re
at
m
en
t 
gr
ou
p;
 S
tru
ct
ur
al
 
di
sr
up
tio
n 
in
 te
st
is
 ti
ss
ue
 (1
00
0 
μg
/L
); 
Fo
lli
cu
la
r a
tre
si
a 
in
 o
va
ry
 ti
ss
ue
 in
 b
ot
h 
tre
at
m
en
ts
; N
o 
ch
an
ge
s i
n 
vi
te
llo
ge
ni
n 
(S
pa
nò
 e
t a
l.,
 2
00
4)
 
36
 
 0
, 2
5,
 2
50
 
Fa
th
ea
d 
m
in
no
w
 
(P
im
ep
ha
le
s 
pr
om
el
as
) 
A
du
lt 
 
21
 
N
o 
al
te
ra
tio
ns
 i
n 
th
e 
G
SI
, 
m
ea
n 
eg
g 
pr
od
uc
tio
n 
or
 s
pa
w
ni
ng
 e
ve
nt
s;
 N
o 
hi
st
ol
og
ic
al
 a
lte
ra
tio
ns
 (n
o 
at
re
tic
 fo
lli
cl
es
; t
es
tic
ul
ar
 a
tro
ph
y)
 
(B
at
te
lle
, 2
00
5)
 
0,
 1
00
, 1
00
0 
G
ol
df
is
h 
(C
ar
as
si
us
 
au
ra
tu
s)
 
A
du
lt 
 
56
 
 N
o 
al
te
ra
tio
ns
 in
 th
e 
G
SI
, p
la
sm
a 
co
nc
en
tra
tio
ns
 o
f 1
7β
 e
st
ra
di
ol
, o
r a
lte
ra
tio
ns
 
in
 c
yp
19
a;
 D
ec
re
as
e 
in
 1
1-
 k
et
ot
es
to
st
er
on
e 
af
te
r 5
6-
da
y 
ex
po
su
re
 in
 th
e 
10
00
 
μg
/L
 tr
ea
tm
en
t 
(N
ad
zi
al
ek
 e
t a
l.,
 2
00
8)
  
0,
 0
.5
, 5
, o
r 5
0 
Fa
th
ea
d 
m
in
no
w
 
(P
im
ep
ha
le
s 
pr
om
el
as
) 
A
du
lt 
 
14
, 3
0 
 
Th
e 
de
cr
ea
se
 in
 to
ta
l e
gg
 p
ro
du
ct
io
n;
 R
ed
uc
tio
n 
in
 a
 to
ta
l n
um
be
r o
f s
pa
w
ni
ng
 
ev
en
ts
; N
o 
al
te
ra
tio
ns
 in
 st
er
oi
d 
ho
rm
on
e l
ev
el
s;
 T
es
tic
ul
ar
 o
oc
yt
es
 fo
un
d 
in
 1
/4
8 
fis
h 
in
 th
e 
5 
μg
/L
 tr
ea
tm
en
t g
ro
up
; O
va
rie
s 
w
ith
 li
pi
d 
ac
cu
m
ul
at
io
n 
an
d 
at
re
tic
 
fo
lli
cl
es
 o
bs
er
ve
d 
(T
ill
itt
 e
t a
l.,
 2
01
0)
 
4.
28
, 4
2.
8,
 4
28
  
C
om
m
on
 
ca
rp
 
( C
yp
rin
us
 
ca
rp
io
) 
A
du
lt 
40
 
A
lte
ra
tio
n 
in
 tr
an
sc
rip
tio
n 
of
 A
C
hE
 c
au
se
d 
by
 a
tra
zi
ne
 in
 b
ra
in
 a
nd
 m
us
cl
e 
(X
in
g 
et
 a
l.,
 2
01
0)
 
0,
 1
, 1
3.
5 
 
G
up
pi
es
 
(P
oe
ci
lia
 
re
tic
ul
at
a)
 
A
du
lt 
(th
ro
ug
h 
ge
st
at
io
n)
 
16
 w
 
A
tra
zi
ne
-e
xp
os
ed
 m
al
e 
of
fs
pr
in
g 
w
er
e 
le
ss
 li
ke
ly
 to
 p
er
fo
rm
 m
at
in
g 
be
ha
vi
ou
rs
 
(f
re
qu
en
cy
 o
f g
on
op
od
iu
m
 sw
in
gs
 a
nd
 n
um
be
r o
f f
or
ce
d 
co
pu
la
to
ry
 e
ve
nt
s)
 a
nd
 
pe
rf
or
m
ed
 le
ss
 fr
eq
ue
nt
ly
 th
an
 c
on
tro
l m
al
e 
(S
he
no
y,
 2
01
2)
 
0,
 0
.5
, 5
, 5
0 
 
Ja
pa
ne
se
 
m
ed
ak
a 
(O
ry
zi
as
 
la
tip
es
) 
A
du
lt 
 
14
, 3
8 
 T
he
 d
ec
re
as
e 
in
 to
ta
l e
gg
 p
ro
du
ct
io
n 
in
 a
ll 
at
ra
zi
ne
 tr
ea
tm
en
ts
 a
fte
r d
ay
 2
5 
of
 
ex
po
su
re
; N
o 
al
te
ra
tio
ns
 in
 sp
aw
ni
ng
 e
ve
nt
s, 
G
SI
, a
ro
m
at
as
e 
pr
ot
ei
n,
 o
r w
ho
le
-
bo
dy
 e
st
ra
di
ol
 o
r t
es
to
st
er
on
e  
(P
ap
ou
lia
s e
t a
l.,
 2
01
4)
 
 0
, 1
,1
5 
 
G
up
pi
es
 
(P
oe
ci
lia
 
re
tic
ul
at
a)
 
A
du
lt 
 
 4
 
N
o 
ch
an
ge
 in
 th
e 
nu
m
be
r o
f m
at
in
g 
at
te
m
pt
s;
 D
ec
re
as
e 
in
 th
e 
nu
m
be
r o
f m
at
in
g 
di
sp
la
ys
; D
ec
re
as
e 
in
 n
um
be
r o
f o
ra
ng
e 
sp
ot
s  
(S
he
no
y,
 2
01
4)
 
dp
f: 
da
ys
 p
os
t f
er
til
iz
at
io
n 
W
: w
ee
ks
 
 
37 
 
2.3. Perfluorinated compounds as new contaminants of concern 
Perfluorinated compounds (PFCs) are recognized as one of the emerging Persistent Organic 
Pollutants (POPs). These anthropogenic compounds have recently become a global concern 
due to their ubiquitous presence in the environment, persistence and bioaccumulative 
properties (Xiao et al., 2015). 
Perfluorooctane sulfate (PFOS) and perfluorooctanoic acid (PFOA) are two of the predominant 
PFCs: PFOS carrying a sulfonate group and PFOA carrying a carboxylate group. PFCs are the 
man-made surfactants, which are formed by replacing a hydrogen bond in the hydrocarbon 
chain by a fluorine atom. The carbon-fluorine bond is one of the strongest in nature, which 
makes them highly stable against extreme physical, chemical and biological conditions (Key 
et al., 1997). 
These two long-chain perfluoroalkyl substances (PFASs) often referred as perfluorochemicals 
have been produced for decades and that while not totally banned, have been phased out and 
replaced by newer chemicals that break down more quickly. Similarly, in Australia, the 
National Industrial Chemicals Notification and Assessment Scheme (NICNAS), has 
recommended that industry phase them out. While these have been replaced mainly by short 
chain PFCs, the present  in the environment of PFOA and PFOS is ubiquitous (Xiao, 2017). 
Due to their amphiphilic properties they are used for numerous technical applications, such as 
polymerization aid, as industrial detergents, or in fire-fighting foams. They are also used as 
technical agents or raw materials for the production of water and grease-repellent materials for 
all areas of use. However, the strong and stable fluorine-carbon bonds confer these substances 
a very high thermal and chemical stability making them resistant to degradation by physical or 
chemical mechanisms once they are released in the environment (Eschauzier et al., 2012; 
Rahman et al., 2014; Stahl et al., 2014). 
In the environment, these chemicals persist for many years and are able to travel a long distance 
without breaking down. They are found in surface waters across the globe from North America, 
Europe and Asia (Kunacheva et al., 2012; Saito et al., 2004; Sinclair and Kannan, 2006; Stahl 
et al., 2014). Additionally, they have been detected in household dust (Zhang et al., 2010), in 
the Arctic region air (Shoeib et al., 2006) in human breast milk (Volkel et al., 2008) and on 
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surface soil  (Xiao et al., 2015).  It has been commonly found in  WWTPs effluent waters up 
to 6574 μg/L of PFOS and 2300 μg/L of PFOA  (Hu et al., 2011; Sun et al., 2011) and drinking 
water up to 14.8 ng/L of PFOS   and up to 84 ng/L of PFOAs  (Jin et al., 2009a; Mak et al., 
2009).  
Some examples regarding concentrations of both PFOA and PFOS in different matrices and in 
different studies are presented in Table 3.  
Table 2.3. Concentrations of perfluorooctane sulfate (PFOS) and perfluorooctanoic acid 
(PFOA) across different countries and matrices. 
Region Matrix 
PFOS (ng/L) 
otherwise 
stated 
PFOA (ng/L) 
otherwise 
stated 
Study 
U.S. metropolitan 
area 
Surface Soil 12.2 /g dw 8.0/g dw 
(Xiao et al., 
2015) 
Jersey Airport, 
Jersey, Channel 
Islands, UK 
Water 98 μg/L  
(Atkinson et 
al., 2008) 
South Korea Water (Industrial Water) 2.24–651  0.9–62  
(Rostkowski 
et al., 2006) 
River Po Water  200  
(Mclachlan et 
al., 2007) 
Italy: Tanaro 
River 
Water  1300  
(Loos et al., 
2008) 
Japan 
PFOS (Airport); PFOA 
(Public Water Disposal 
Site For PFOA) 
0.24–37.3  0.10–456  
(Saito et al., 
2004) 
Singapore Surface water 2.2–87.3  5.7–91.5  
(Hu et al., 
2011) 
Singapore Wastewater 5.8–532  7.9–1,060  
(Hu et al., 
2011) 
China Drinking water <0.1–14.8 <0.1–45.9 
(Jin et al., 
2009a) 
USA Drinking water <1–57 <5–30 
(Quiñones and 
Snyder, 2009) 
Brazil Drinking water 0.58–6.7 0.81–2.8 
(Quinete et al., 
2009) 
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According to Kunacheva et al. (2012), the proportion of the average concentration PFOS/ 
PFOA around the world seems to vary. 
Among the surveys reviwed Kunacheva et al. (2012) the concentration of PFOA in surface 
water exceeded the concentration of PFOS in 14 countries. The highest concentrations of 
PFOA were detected in Japanese rivers with an average concentration of 707 ng/L, followed 
by the Italian rivers with average concentrations of 101 ng/L. In the remaining countries, 
concentrations of PFOS were detected at higher concentrations than PFOA, with the highest 
average of PFOS being detected in Switzerland (49 ng/L). 
PFOAs have been detected in the blood of more than 98% of the general US population at very 
low levels (Calafat et al., 2007). 
In  Australia, the extent of legacy fire-fighting chemicals used in the  Williamtown RAAF Base 
is currently under investigation, and PFOS and PFOA have been identified in surface waters, 
groundwater’s, and in small numbers of fish around the Williamtown RAAF Base and 
Newcastle Airport (EPA, 2016). In Australian drinking water, concentrations of PFOA and 
PFOS range from 0 - 16 and 0 - 9.7 ng/L respectively.  
The sources of PFOA and PFOS into the aquatic environment are thought to be WWTPs since 
according to Takagi et al. (2008), the concentrations of PFOS and PFOA in raw and tap water 
indicated that water treatment processes did not completely remove PFOS and PFOA and that 
advanced water treatments such as ozonation and activated carbon filtration were incomplete. 
Moreover, in some cases, the concentrations of PFOS and PFOA in effluent samples were 
higher than those in influent samples (Loganathan et al., 2007; Sinclair and Kannan, 2006). 
 
Japan Drinking water <0.1–6.9 2.3–84 
(Takagi et al., 
2008) 
Germany Drinking water <10 <10–68 
(Wilhelm et 
al., 2010) 
India Drinking water <0.03–8.4 <0.005–2 
(Mak et al., 
2009) 
Australia Drinking water 0–16 0–9.7 
(Thompson et 
al., 2011a) 
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Some of the previously reported effects of perfluorochemicals on fish are presented in Table 
3.  Compared to PFOS, studies on the effects of PFOA are scarce, mainly because PFOS is 
highly bioaccumulative and therefore, it’s effects have been better studied. Still, the results 
vary greatly for different species. For example, in a study by Ankley et al. (2005), 1 mg/L of 
PFOs was lethal to around 18% of adult fathead minnow after 14-exposure, whereas no 
mortality was observed in common carp at the same concentration. In another study by Ji et al. 
(2008) , both PFOS and PFOA were lethal at concentrations as low as 0.1 mg/L, females being 
more affected than males. In studies with PFOS, a significantly reduced condition factor, 
hepatosomatic index, and the reduction of available glycogen reserves in the exposed fish were 
observed (Hagenaars et al., 2008). In a 14-d exposure of adult fathead minnow to 10 mg/L of 
PFOS  all fish survived, although they were reported to be emaciated and lethargic (Oakes et 
al., 2005). 
Consistently, however, PFOS seems to cause histopathological changes in the liver in both 
male and female fish. PFOS caused the hepatosomatic index (HIS) to be increased or reduced 
in some cases (Ankley et al., 2005; Du et al., 2009; Han and Fang, 2010), and causing an 
inflammation-independent enzyme leakage through liver cell membranes that might be related 
to cell necrosis (Hoff et al. (2005). 
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Abstract  
Population sustainability depends on the ability to reproduce and produce viable progeny. In 
this study breeding groups of the native Australian fish, Melanotaenia fluviatilis were exposed 
for 21 days to 4, 40 and 400 ng/L of the androgenic feedlot contaminant 17α trenbolone. 
Vitellogenin concentrations in female fish were significantly reduced at 40 ng/L at day 10 and 
400 ng/L at the end of the exposure (21 days). The number of eggs was significantly reduced 
after 17 days of exposure and eye and spinal deformations occurred on and were observed from 
day 2 after hatching in about 20% of larvae.  By the end of the exposure period, gonads in 
female fish exposed to 400 ng/L showed an increased number of atretic follicles when 
compared to the control. A further exposure of both male and female M. fluviatilis to 40 and 
400 ng/L of 17α trenbolone for 14 days showed a significant decrease in plasma vitellogenin 
in females. Vitellogenin mRNA was induced at 40 ng/L in male fish and the expression of brain 
aromatase (cyp19a1b) was significantly induced at both 40 and 400 ng/L of 17α trenbolone. In 
females, at 40 ng/L a decrease in brain aromatase expression cyp19a1b was observed. In the 
ovary, the expression of the ovarian aromatase (cyp19a1a) was significantly downregulated at 
both 40 and 400 ng/L of 17α trenbolone. The exposure of M. fluviatilis eggs to different 
concentrations of 17α trenbolone (until hatching) resulted in several abnormalities in hatched 
larvae though there was no dose-response in the percentage of abnormalities observed. 
Undeveloped eyes, as well as spinal deformations, were observed at exposure concentrations 
of 32.75, 131 and 524 ng/L. The results indicate that 17α trenbolone may have effects beyond 
its androgenic action and act also as a genotoxic compound at concentrations commonly found 
in effluents from feedlots. Further to the effects on adults, the effects of 17α trenbolone on both 
egg and larvae can impair population fitness at relatively low concentrations. 
3.1. Introduction 
Alterations in wildlife development, reproduction and behavior that coincide with the presence 
of natural or man-made Endocrine Disrupting Chemicals (EDCs) have been well reported  
(Clotfelter et al., 2004; Colburn et al., 1993; Damstra et al., 2012). The best-documented EDCs 
are those that target estrogen-dependent pathways (Pinto et al., 2014; Sumpter, 2005). 
However, chemicals that interact with other elements of the reproductive endocrine system 
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such as androgenic chemicals are of equal interest since they commonly occur in the aquatic 
environments, posing a potential risk to fish (Gall et al., 2011; Khan and Lee, 2012). Feedlots 
runoff is the major contributor to the occurrence of androgens capable of inducing potential 
adverse effects in aquatic organisms in surface waters.  In addition to normal excretion of 
endogenous steroids from vertebrates, animal farming can act as a point or nonpoint source of 
metabolites of synthetic pharmaceuticals (such as trenbolone acetate) to aquatic environments 
(Bartelt-Hunt et al., 2012; Cole et al., 2015). 
The androgenic steroid trenbolone acetate (TBA) is widely used as a growth promoter in the 
beef industry in many parts of the world including Australia. In Australia, implants containing 
hormones have been used for more than 30 years in about 40% of Australian cattle contributing 
annually to add $210 million to the value of the beef industry (Food Standards Australia and 
New Zealand, 2011). Commercial implants used to promote cattle growth in Australia contain 
60-200 mg of TBA:  Revalor-S (140 mg TBA and 28 mg 17 β estradiol) and Revalor-H (200 
mg TBA and 20 mg 17β estradiol) (Dorts et al., 2009; Hunter, 2010). Trenbolone acetate is 
administered to livestock via controlled release implants that upon entry into the blood are 
hydrolyzed and excreted. Of the metabolites excreted by cattle, 17α trenbolone represents more 
than 95% of the known trenbolone acetate metabolite mass (Cole et al., 2015; Schiffer et al., 
2001). The remaining 5% are both 17β trenbolone, and trendione, although >90% of the 
trenbolone acetate implant dose remains uncharacterized (Jones et al., 2014a).  
Trenbolone enters the environment through livestock urine and manure, and has been detected 
at levels of 5 to 20 ng/L in run-off from cattle feedlots  (Bartelt-Hunt et al., 2012; Schiffer et 
al., 2001; Schiffer et al., 2004) and up to 162 ng/L in fields receiving animal waste (Gall et al., 
2011). Nevertheless, observations of TBA metabolite occurrence have not yet translated to 
concern, because they are believed to exhibit limited persistence in receiving waters (Qu et al., 
2013). However, according to Qu et al. (2013), additional concerns arise from the fact that the 
rapid photohydration of TBA metabolites is reversible under conditions representative of those 
in surface waters (pH 7; 25° C).  
The effects of 17β trenbolone have been reported to masculinize female Japanese medaka 
(Oryzias latipes) and zebrafish (Danio rerio) and also  lead to all male populations of zebrafish 
when exposed to 20 ng/L (Larsen and Baatrup, 2010). It is also reported to have an impact on 
fish behavior (Bertram et al., 2015; Heintz et al., 2015). Moreover, gonad morphological 
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masculinization, as well as the decrease of vitellogenin in zebrafish has been shown to persist 
even after 40 days of depuration in clean water, suggesting that androgenic effects on their 
sexual development is irreversible (Baumann et al., 2014; Morthorst et al., 2010).  
Despite 95% of the total excreted product being 17α trenbolone, very few studies assessed the 
potential androgenic effects of this stereoisomer (Jensen et al., 2006; Robinson et al., 2016). 
This is probably due to the fact that 17β trenbolone is a potent androgen receptor agonist with 
a binding affinity approximately equivalent to dihydrotestosterone, whereas 17α trenbolone 
has a binding affinity 10-fold lower than the β stereoisomer  (Meyer and Rapp, 1985 ; 
Neumann, 1976; Wilson et al., 2002). However, according to Jensen et al. (2006), 17α 
trenbolone can reduce the fecundity of fathead minnows (Pimephales promelas) as well as lead 
to the development of typical secondary male sexual characteristics in adult female fish. 
Additionally, according to the same study, α trenbolone appeared to be converted to β 
trenbolone by the fish. Tissue concentrations of the β-isomer were consistently comparable to 
or superior to concentrations of the isomer α, despite the fact that no β trenbolone being 
detected in the exposure water (Jensen et al., 2006).  
The Murray River rainbowfish (Melanotaenia fluviatilis (Castelnau, 1878)) is a native 
Australian fish patchily distributed throughout the Murray river basin. M. fluvitilis has become 
an invaluable fish test species to assess endocrine disruptive effects due to its sexual 
dimorphism and its short life cycle. They can be easily maintained under laboratory conditions, 
where they successfully breed and produce sticky eggs that attach to substrates by adhesive 
filaments. Eggs usually range from 0.98 to 1.07 mm and have 35-45 oil droplets, hatching 
within 7-9 days after spawning at 25.5oC (Reid and Holdway, 1995) reaching the adult stage 
within 7-8 months. 
The aims of this study were 1) to investigate the effects of 17α trenbolone on fertility, 
vitellogenin (Vtg) production and gonad histopathology in adult M. fluviatilis over 21 days and 
2) evaluate potential effects on brain and gonad aromatase in adult fish and 3) evaluate the 
effects of 17α trenbolone on early life stages of M. fluviatilis. 
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3.2. Materials and methods 
3.2.1. Animal maintenance   
One-year-old sexually mature male and female adult Murray River rainbowfish (M. fluviatilis) 
(average 1.5 g) were obtained from a commercial fish wholesaler (Aquarium Industries-
Epping, VIC, Australia). Fish were maintained in a flow-through system under constant 
conditions in 50 L holding tanks containing carbon filtered aerated water at 25 ± 1° C and pH 
7.4. A 16:8 h light: dark photoperiod was maintained with cool white fluorescent lights with a 
60 min dawn and dusk transition period.  Fish were fed frozen brine shrimp (Hikari Bio-Pure) 
once daily at 4% (w/w) body weight. During the exposure period, water quality parameters 
including pH, dissolved oxygen, conductivity, and temperature were monitored every 24 h. All 
experiments were in accordance with the RMIT animal ethics guidelines (RMIT animal ethics 
approval number 1027). 
3.2.2. Chemicals 
17α trenbolone (epitrenbolone), purity (99%), was obtained from Novachem Australia. 
3.2.3. Experimental design for chemical exposure 
All exposures were conducted using solvent-free stock solutions of 17α trenbolone dissolved 
in Milli-Q water. Stock solutions were diluted with water to achieve the desired concentrations 
of 17α trenbolone.  Experiments were performed at 25° C ± 1° C under a 16:8 light: dark 
photoperiod and fish were fed Tetracolor (Tetra) 10 mg/g fish weight once daily. During the 
exposure period, water quality parameters including pH, dissolved oxygen, conductivity, and 
temperature were monitored every 24 h.   
In experiment 1, fertility of M. fluviatilis was assessed. Adult fish were exposed during 21 
days to three concentrations of 17α trenbolone (4, 40 and 400 ng/L) with sampling at days 10 
and 21.  Exposures were conducted at each test concentration using a group spawning approach 
with four (4) female and two (2) males per tank in a total of 6 tanks per concentration, with 3 
tanks taken each sampling time. A nylon substrate was used for egg deposition and exposures 
ran for 21 days. Fish were exposed for 24 h in 10 L glass aquaria with 70% water renewal daily 
and 21.  Concentrations were based in concentrations commonly found in the environment. 
Fish were added to the setup 7 days before the experimental time 0 in order to normalize 
48 
 
ammonia levels, reduce fish stress and ensure that all female fish were laying eggs. The number 
of eggs were counted daily every morning.  The harvested eggs were dipped in 4 mg/L of 
malachite green for 5 min to prevent fungal growth (Pollino and Holdway, 2002a). Eggs were 
then transferred to clean water and the % of hatching success determined.  Circulatory levels 
of vitellogenin in adult fish were assessed at each sampling point and the histopathology of the 
female gonads was evaluated at the end of the exposure. 
Based on the results   of this experiment, two subsequent experiments were performed. The 
first study aimed to evaluate effects of the two highest tested concentrations (40 and 400 ng/L) 
on the expression of liver vitellogenin, brain, and ovarian aromatase after 14 days of exposure. 
In a second study, eggs from unexposed and healthy M. fluviatilis from the stock culture were 
exposed to several concentrations of 17α trenbolone until hatching. Survival and percentage of 
hatching success and percentage of larvae deformations were determined. Details of these 
experiments are provided below. 
Experiment 2: Effects of trenbolone on the expression of liver vitellogenin and brain and 
ovarian aromatase in male and female fish 
Tanks were 10 L glass aquaria set up in duplicate. To each tank, five adult fish were added for 
a total of 10 per treatment. Male and female treatments were exposed separately and a control 
with male fish and a control with female fish was also included. The exposure regime was 24 
h semi-static renewal, with 70% water renewal daily. 
Experiment 3: Exposure of M. fluviatilis eggs to 17α trenbolone  
Eggs were collected from nylon threads and dipped in 4 mg/L of malachite green for 5 min.  
Developmental stages of embryos were recorded, and dead eggs were discarded. Eggs were 
then transferred to 24 multi-well plates containing the measured concentrations of 500, 250, 
125, 62.5, 31.2, 15.6 and 7.8 ng/L of 17α trenbolone plus a control. One egg was assigned to 
each well to prevent attachment and 20 eggs were used per replicate in a total of two (2) 
replicate plates. Each well-contained 3 mL of the test solution of which 50% was replaced 
every 24 h for 7 days until hatching. Larval deformities were counted and the % of deformed 
larvae was calculated for each concentration tested. 
49 
 
3.2.4. Sample collection 
At the end of the exposure, fish were anesthetized with a lethal concentration of AQUI-S 10 
(New Zealand, Ltd). Fork length and body weight were recorded for each fish and condition 
factors were calculated using Fulton’s condition factor equation:  CF = body weight (g)/ [total 
length (cm)]3× 100 (Froese, 2006). The hepatosomatic index (HSI = liver weight × 100/body 
weight) and gonadal somatic index (GSI = gonad weight × 100/body weight) values were also 
calculated.  Blood was obtained by severing the caudal peduncle and collected using 
heparinized capillary tubes. Blood was then transferred to 1.5-ml Eppendorf tubes before being 
centrifuged for 10 min at 15,000 g at 4° C. Plasma was collected to a new tube and aliquots 
were frozen at -80° C. The gonads were fixed in 10% neutral buffered formalin for 48 h for 
histological examination. Samples for molecular analysis (liver and brain) were snap frozen 
and kept at -80° C until analysis. 
3.2.5. Plasma vitellogenin determination (ELISA) 
Vitellogenin analysis in the plasma was measured following the  protocol of Woods and Kumar 
(2011) with further modification (Scott et al., 2017). Briefly, plasma samples were diluted 10 
000 times in 0.01 M of PBS, pH 7.4 and 100 μL were used to coat a white medium binding 96-
well plate (Greiner). After overnight incubation at 4 °C plates were washed three times with 
wash buffer (PBS with 0.05% [v/v] Tween-20) before adding 200 μL of the blocking buffer 
(BB; 1% [w/v] bovine serum albumin in PBS), and then incubated at room temperature for 60 
min. After removing the blocking buffer, 100 μL of the primary antibody was added (anti sea 
bream VTG-PO-2; 1:3000, Biosense) and the plates further incubated overnight at 4 °C. On 
the following day, plates were washed 100 μL of the secondary antibody (1: 4000 in BB; Anti-
Rabbit IgG; HRP conjugate) was added and incubated at room temperature for 2 h. After a 
final wash, the detection substrate (SuperSignal West Femto Maximum Sensitivity substrate; 
Thermo Fisher Scientific) was added and luminescence was read on a POLARstar multi-mode 
microplate reader (BMG Labtech) 
Each plate contained a standard curve (female plasma) with increasing amount of plasma 
protein (12.5-200 ng/well), a positive control (male exposed to EE2) a negative control (control 
male) as well as a blank containing PBS, all in triplicate.  
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3.2.6. Histological analysis 
The gonads were fixed in 10% neutral buffer formalin, dehydrated in a graded series of ethanol 
and xylene, paraffinized in a tissue processor and embedded in Paraplast® (Leica Biosystems) 
on a paraffin-embedding center (Leica). Tissue sections 4 μm thick were cut on a rotary 
microtome, hydrated in a graded series of alcohols and stained with Harris’s hematoxylin and 
eosin (HD Scientific). The stained sections were photographed on a Leica C4 (Leica 
Biosystems).  
Female gonads of the trenbolone exposed fish were compared to the control. An area of 100 
μm2 was assessed for atretic oocytes in a total of 4 squares per gonad and 6 fish per treatment. 
Before histological investigation the ovaries were stages based on their stage of development.  
The germ cells in M. fluviatilis were identified on the basis of their size and the presence of 
cortical alveoli as described in Bathia et al. (2013) as as follows: a) perinuclear oocytes- early 
primary growth oocytes with a large nucleous and homogenous dark stained cytoplasm. The 
follicular cells, vitellogenin granules and cortical alveoli were absent; b) Cortical alveolar 
oocytes- larger than perinuclear oocytes with a ring of cortical alveolii the periphery; c) Early 
vitellogenic oocytes- larger than the cortical oocytes. The cytoplasm contains cortical alveoli 
and there is a small accumulation of vitellogenin; d) Late vitellogenic oocytes- most of the 
cytoplasm is filled with vitellogenin and cortical alveoli are pushed to the periphery of the 
oocyte; e) Mature oocytes- peak of vitellogenin where most of cytoplasm contains large 
oocytes  filled with yolk; and f) Atretic oocytes- oocytes in any stage of development are 
considered atretic if they develop vacuolated nuclei, folding of oolemma, disorganization of 
cytoplasm, hyperplasia or hypertrophy of follicular cells or impairment of yolk formation. The 
development of the ovaries was classified into the following stages: Immature stage (0) 
corresponding to immature ovary with only perinuclear oocytes, Previtellogenic (1)- where 
perinuclear oocytes are common and cortical alveoli begin to appear; Early vitellogenin (2)- 
Stage characterized by  the appearance of early vitellogenic oocytes; Mature (3)- The mature 
ovaries had abundant late vitellogenic or spawning oocytes with accumulation of yolk vesicles 
and Spent (4)- In this stage the germ cells in different stages had lost shape and turned atretic. 
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3.2.7. Total RNA extraction 
Total RNA was extracted using RNeasy lipid tissue mini kits (Quiagen Pty. Ltd, Australia) 
according to the manufacturer's instructions. Gel electrophoresis and spectrophotometry were 
used to determine the quality and quantity of RNA. Synthesis of cDNA for qPCR was carried 
out using a High Capacity cDNA Reverse Transcription Kit (Applied Biosystems Pty. Ltd. 
Australia) according to the manufacturer's instructions. An equal volume of RNA (~ 1 μg) was 
added to each 10 μL of master mix. The thermocycler program consisted of 25 °C for 10 min, 
37 °C for 120 min and 85 °C for 5 min with a final holding step at 4° C. Resulting cDNA 
templates were quantified by a spectrophotometer and stored at -20 °C for real-time assay. 
3.2.8. Expression analysis (qPCR) 
The qPCR was carried out on a MJ MiniOpticon system version 3.1 (Bio-Rad Pty. Ltd. 
Australia) with SYBR green fluorescent label using glyceraldehyde-3-phosphate 
dehydrogenase (gapdh) as an endogenous control. Gene-specific primers from the 3′ end of 
both genes were designed for each vtg and aromatase isoforms, tested for specificity and 
efficiency according to (Shanthanagouda et al., 2013) (Table 1). The final qPCR reaction 
volume was 20 μL: 50-55 ng/μL of cDNA, 1 × SYBR Green PCR master mix (Applied 
Biosystems Pty. Ltd. Australia) and primers at a final concentration of 100 nM. Each sample 
was run in triplicate for each of the genes vitellogenin (vtg), brain (cyp19a1b) ovarian 
aromatase (cyp19a1a) and gapdh as an internal control.  
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Table 3.1. List of primers used in real-time PCR for vitellogenin (vtg), ovarian (cyp19a1a) and 
brain (cyp19a1b) aromatase expression. Primer name Sequence (5’ –3’). 
Primer name Sequence Amplicon Reference 
GAPDHF  ACACCCACTCCTCCATCTTT GAPDH gapdhf (Shanthanagouda et al., 2013) 
GAPDHR GTTGCTGTAGCCGAACTCAT GAPDH gapdhf (Shanthanagouda et al., 2013) 
VtgF GAAAGCGGTTGTGCTTGCCCTGACTCTG vtg (Shanthanagouda et al., 2013) 
VtgR GGCATTCCTCCTGGGAGGTCTGCC vtg (Shanthanagouda et al., 2013) 
mfORACE616F  ACGTAAGGCAGTCCGTGCTGGAGATGGT  cyp19a1a  (Shanthanagouda et al., 2012) 
mfORACE817R TCCACCACTGGGTGGAAGCGCAGGCATT cyp19a1a  (Shanthanagouda et al., 2012) 
mfbArGSPF  GCGTAAAGCTCTGGAGGATGATGACATTG cyp19a1b  (Shanthanagouda et al., 2012) 
mfBArGSPR1  GAAGAAGCGATTGGGCACTGTATTG cyp19a1b (Shanthanagouda et al., 2012) 
 
3.2.9. Chemical analysis 
Measurement of trenbolone in experimental water was undertaken using a commercial ELISA 
kit in accordance with the manufacturer’s instructions (MaxSignal Trenbolone ELISA Test Kit, 
Bioo Scientific, Austin, USA). The concentration of 17α trenbolone in the exposure tanks was 
measured at the start of the exposures and after 24 h, before the water renewals. In experiment 
3, the concentration of 17α trenbolone was measured initially and at the end of the exposure at 
the two highest concentrations, 7 days due to the small test volume in the test wells.  Details 
regarding nominal and actual water concentration of trenbolone are presented in Table S1. 
3.2.10. Statistics 
In this study the “tank effect” was tested using a two-way ANOVA and when no significant 
effects were observed the number of fish in both tanks were pooled and used as individual 
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replicates. Data were analysed using the software Sigmaplot version 12.3. The significance 
level was set at α=0.05. All variables were checked for normality and homogeneity using the 
Kolmogorov- Smirnov and the Levene’s tests, respectively.  Data were subjected to one-way 
analysis of variance (ANOVA) and pairwise comparisons made by the Holm-Sidak method.    
When the parametric assumption of ANOVA failed, data were subjected to Kruskal-Wallis 
One Way Analysis of Variance on Ranks and all Pairwise Multiple Comparison Procedures by 
the Dunn's Method. 
3.3. Results  
3.3.1. Water quality parameters and chemical analysis  
During the exposure, the water temperature was maintained at 23± 0.1o C. The water quality 
parameters in the treatment tanks did not significantly differ from those in the control tanks. 
The pH of the water across treatments varied within the neutral range of 7.1-7.4. The DO levels 
in the water were above 80% in all tanks and conductivity ranged from 1180-1285 μS/cm. The 
concentration of 17α trenbolone in the exposure tanks was within the 90% of the nominal 
concentration (Table 3.2). 
Table 3.2. Initial nominal and measured concentrations of trenbolone. Average±SE. 
 
 
 
  
Experiment 1  
 Initial   24 h   
Nominal (ng/L) 500 50 5 500 50 5    
Measured (ng/L) 512±12.4 56±5.3 47.9±0.9 490±7.5 46±3.1 4.7±0.3    
  
Experiment 2 
 Initial 24 h     
Nominal (ng/L) 500 50 500 50        
Measured (ng/L) 510±5.0 47.9±7.9 490±5.0 40.8±9.7        
Experiment 3 
Nominal (ng/L) 500 250 125 62.5 31.2 15.6 7.8  
Measured (ng/L) 524±10 262±8.0 131±8.8 65.5±4.3 32.7±1.7 16.4±0.5 8.2±0.5  
Measured (ng/L) (End) 470±9.4 253±3.6            
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3.3.2. Experiment 1: Fertility 
 3.3.2.1. Gross body indices and morphology  
At the end of 21 days of exposure to 17α trenbolone, no significant differences in the condition 
factor (CF) were recorded (Figure 1). 
 
 
 
Figure 1. Condition factor (CF) of both male (n=4) female (n=8) fish sampled at days 10 (dark 
bars) and 21 (light bars) of exposure to 17α trenbolone. 1 A: Data presented as the mean ± SE. 
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After 21 days of exposure, the ventral and dorsal fins in all exposed male and female fish 
showed an intensification of color. This indicates that they were becoming androgenized 
(Figure 2). 
 
 
Figure 2. Dorsal and ventral fins in adult male and female Melanotaenia fluviatilis exposed to 
17 α trenbolone for 21 days. (a) Control, (b) 40 ng/L and (c) fish exposed to 400 ng/L. Scale 
bar =1 cm. 
 
3.3.2.2. Vitellogenin  
In experiment 1, the amount of vitellogenin in plasma of spawning and reproductively active 
females was significantly reduced after 10 days of exposure to 40 ng/L of 17α trenbolone 
(Figure 3). At the highest concentration of 17α trenbolone tested, 400 ng/L, no significant 
effects on vitellogenin induction was observed compared to the control female. However, at 
the end of the 21 days exposure, vitellogenin was significantly reduced in females exposed to 
400 ng/L of 17α trenbolone, compared to the control.  
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Figure 3. Amount of vitellogenin in exposed female fish compared to the female controls 
exposed to 4, 40 and 400 ng/L at (A) day 10, n=8 and (B) day 21, n=8. Data presented as mean 
± SE; lettering above the bars denotes significant difference relative to the control (p<0.05). 
The mean of the cumulative number of eggs per breeding group over 21 days was significantly 
reduced in breeding groups exposed to 40 and 400 ng/L of 17α trenbolone (Figure 4, 5). 
 
 
 
 
 
 
 
 
Figure 4. Mean of the cumulative number of eggs per breeding group over 21 days. Values 
denoted by asterisks differed significantly from the control, p<0.05. 
*
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Figure 5. Total average number of eggs over 21 days of exposure to 4, 40 and 400 ng/L of 17α 
trenbolone. Data presented as mean± SE, n=3. Asterisks above the bars denote significant 
difference relative to the control. 
At the end of the exposure control female fish had normal appearing ovaries and the number 
of atretic follicles seen in control fish was less than five per section (Figure 6 a,b).  
Gonads from all experimental fish were at stage 4 - mature.  After 21 days of exposure to 400 
ng/L 17α trenbolone, female gonads had marked histological alterations. Pre-ovulatory atretic 
follicles were observed in 90% of the ovaries of the exposed females (Figure 6c). Moreover, 
proliferation of somatic stroma tissue, increase in the number of primordial germ cells and 
thickening of the ovarian wall was observed (Figure 6e). 
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Figure 6. Histologic sections of gonads from Melanotaenia fluviatilis exposed to 17α 
trenbolone and stained with Mayer’s hematoxylin and eosin. (a,b) Control ovary showing: 
Perinuclear phase oocytes (p); Cortical alveolar oocytes (CA); Early vitellogenic oocytes (EV), 
Late vitellogenic oocytes (LV); Mature spawning follicle (MS); (c) Ovary from female exposed 
to 400 ng/L of 17α trenbolone showing multiple atretic oocytes  (asterisks); (d) Ovary from 
female exposed to 400 ng/L of 17α trenbolone showing extensive proliferation of germinal 
epithelium (asterisks); (e) Ovary showing thickening of the ovarian wall (arrow). 
There were no differences in hatching success of larvae among the treatments, however, eye 
and spinal deformations were observed in M. fluviatilis larvae at the two highest concentrations 
of 17α trenbolone tested, 40 and 400 ng/L (Figure 7). Larvae had spinal deformations (Figure 
7 a,b) and undeveloped eyes (Figure 7c) 3 days post hatch (3 dph). 
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Figure 7. Melanotaenia fluviatilis larvae 3 days post hatch reared in clean water showing spinal 
curvature deformed (a,b) and undeveloped eyes (c). 
3.3.3. Experiment 2:  Effects of trenbolone on the expression of liver vitellogenin and brain 
and ovarian aromatase 
In experiment 2, fish exposed to 17α trenbolone for 14 days had no significant changes in their 
condition factor (Supplementary material Table 2). Moreover, no significant changes were 
observed in the GSI and HSI in both male and female fish (Supplementary material Table 2). 
In females exposed for 14 days, the amount of Vtg in plasma was significantly reduced at the 
two tested concentrations of 17 α trenbolone 40 and 400 ng/L (Figure 8).  Vitellogenin was 
not detectable in any of the exposed males. 
 
 
 
60 
 
 
Figure 8. Amount of vitellogenin in the plasma of adult female Murray River rainbowfish 
(Melanotaenia fluviatilis) after 14 days of exposure to 40 and 400 ng/L of 17 α trenbolone. 
Data presented as the mean proportion relative to female control ± SE; Asterisks above the bars 
denote significant difference relative to the control. Data expressed as a proportion of the mean 
± SE, n=10. 
 
At 14 days, there was a significant dose-response reduction in the circulating concentration of 
Vtg in plasma of the exposed females 40 and 400 ng/L, p<0.05 (Figure 9). The expression of 
vtg in the liver was significantly higher at 40 ng/L whereas at 400 ng/L the expression levels 
were similar to those of the control unexposed females (Figure 9).  
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Figure 9.  Mean normalized expression of vtg in liver of adult female Murray River 
Rainbowfish (Melanotaenia fluviatilis) after 14 days of exposure to 40 and 400 ng/L of 17α 
trenbolone. Data presented as mean ± SE; different lettering above the bars denote significant 
differences relative to control (a). 
 
Brain aromatase (cyp19a1b) was expressed in both male and female M. fluviatilis.  In females, 
the baseline expression of cyp19a1b was significantly higher than in male fish (Figure 10).  
In exposed males’ the cyp19a1b expression was significantly upregulated-reaching levels 
similar to those expressed in females. In female fish, however, at 40 ng/L there was a significant 
down regulation of the cyp19a1b in brain tissues (Figure 10), whereas at the highest 
concentration tested levels of expression were similar to those of the control. 
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Figure 10. Mean normalized expression of cyp19a1b in brain tissues in both adult male (and 
female (Melanotaenia fluviatilis) after 14 days of exposure to 17α trenbolone. Data presented 
as mean ± SE; Different lettering above the bars denotes a significant difference relative to the 
control. 
 
At the end of 14 days of exposure, ovarian aromatase expression cyp19a1a was significantly 
down regulated at both 40 and 400 ng/L of 17α trenbolone (Figure 11). 
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Figure 11.  Mean normalized expression of cyp19a1a in ovarian tissues of adult female 
Melanotaenia fluviatilis after 14 days of exposure to 17α trenbolone. Data presented as mean 
± SE; Different lettering above the bars denotes a significant difference relative to the control. 
 
3.3.4. Experiment 3: Exposure of M. fluviatilis eggs to 17α trenbolone 
Similar deformations to those observed in experiment 1 were observed when eggs from an 
established breeding stock were collected and exposed until hatching (10 days) to several 
concentrations of 17α trenbolone, where after exposure of eggs to 131 and 524 ng/L the percent 
of hatched larvae that were deformed was significantly higher than those hatching from control 
unexposed eggs (Figure 12). 
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Figure 12. Mean percent of deformed larvae of Melanotaenia fluviatilis after 7 days of 
exposure to 17 α trenbolone. Data presented as mean ± SE; Different lettering above the bars 
denotes significant difference relative to the control. 
 
In some cases, there was no eye pigmentation or a complete lack of eye development (Figure 
13 a-f). 
Figure 13. (a) Control egg; eggs exposed to 500 ng/L of 17α trenbolone (b-f); (b) deformed 
eye in egg; (c) embryo with no eyes (d) deformed larvae with no eyes; (e) deformed embryo; 
(f) deformed egg Scale bar=0.5 mm. 
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3.4. Discussion 
In this study, the effects of the isomeric form 17α trenbolone on M. fluviatilis were evaluated. 
Similar effects at similar concentrations (up to 500 ng/L) for 17α trenbolone were observed 
and results were comparable to those of the stronger androgen agonist isomer 17β trenbolone 
in other species (Hemmer et al., 2008). This may be because according to Jensen et al 2006, 
there is a substantial amount of the α trenbolone that seems to be converted to 17β trenbolone 
by the fish.  
In experiment 1, adult female fish exposed to 17α trenbolone for 21 days displayed male 
characteristics with dorsal and ventral fin coloration intensifying and resembling male 
coloration. The appearance of male secondary sex characteristics in adult female fish has been 
reported for a number of fish species exposed to trenbolone metabolites (Ankley et al., 2003; 
Cripe et al., 2010; Hemmer et al., 2008; Jensen et al., 2006). According to Hemmer et al. 
(2008), within 5 days of exposure to 17β  trenbolone females displayed typical male coloration 
patterns and that at the end of 21 days of exposure to 5000 ng/L of 17β trenbolone 60% of the 
females displayed male characteristics. Similarly, Cripe et al. (2010) reported significant 
phenotypic male characteristics in female sheepshead minnow exposed to 130 ng/L of 17β 
trenbolone for 21 days (Cripe et al., 2010).  
In the 21 days exposure of actively reproductive females to 17α trenbolone, vitellogenin in the 
plasma of female fish did not show concentration dependence with trenbolone exposures, and 
vitellogenin levels seemed to vary over time at the same exposure concentration. Vitellogenin 
was significantly reduced at the end of 10 days at 40 ng/L and at the end of 21 days at 400 ng/L 
and significantly reduced in a dose-response way after 14 days. From our results, at different 
time points and different experiments, circulating plasma vitellogenin levels seem to be 
differently affected by trenbolone at different concentrations (Figures 4, 5 and 10). 
 One possible explanation is that 17α trenbolone does not follow a dose response pattern, 
similarly to the non-dose response mode of action of 17β trenbolone. It is also possible that the 
17α trenbolone used in our study was partially converted to 17β trenbolone. 
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The non-dose response of 17β trenbolone was previously observed in fathead minnows 
exposed at 50 000 ng/L of 17β trenbolone for 21 days (Ankley et al., 2003).  According to 
Ankley et al. (2003) testosterone (T) and 17β estradiol (E2) concentrations were reduced in 
female fathead minnow in response to increasing concentrations of 17β trenbolone up to 500 
ng/L and started to increase  at high concentrations (50 000 ng/L) (Ankley et al., 2003). In the 
same study vitellogenin concentrations were significantly reduced up to 5000 ng/L, however 
at concentrations of 17β trenbolone as high as 50 000 ng/L the concentration of vitellogenin 
was higher than when fish were exposed to 500 and 5000 ng/L. 
In this study T and E2 were not measured because of the limitations in plasma volumes 
extractable from M. fluviatilis, but it is possible that a similar U-shaped pattern of effect may 
have occurred on these reproductive hormones, since they are also interconnected with 
vitellogenin. As concentrations of E2 would regulate vitellogenin concentration it would be 
expected to follow a similar pattern. In addition, testosterone is the metabolic precursor to E2 
via conversion by cyp19 aromatase and E2 is the primary signalling molecule to produce 
vitellogenin. Thus, the lack of a dose-response likely results from different mechanisms of 
action at different test concentrations. At day 10 it is possible that the high concentrations of 
17α trenbolone might show negative feedback on the pituitary, resulting in a loss of feedback 
inhibition on gonadotropin secretion and restoration of ovarian endocrine activity. The same 
biphasic behavior was described before by (Boettcher et al., 2011),  where there was a biphasic 
induction of micronuclei in a Rainbow trout-liver cell-line (RTL-W1), as well as in primary 
cell cultures derived from zebrafish (Danio rerio) even at exposure concentrations of 30 μg/L. 
The exposure to 17α trenbolone had negative impacts on vitellogenin production and the 
pathological state of the ovaries resulting in many atretic follicles. Similar results have been 
previously described in gonads of other fish exposed to the isomer beta (Park et al., 2009). 
Alterations in the gonads seemed to have repercussion on the cumulative fecundity observed 
after 13-14 days of exposure in our experiments and could be a result of  key events related to 
steroid production and circulating oestradiol and vitellogenin concentrations generally leading 
to a reduction in fecundity (Villeneuve et al., 2008; Zhang et al., 2008). 
Multiple cytochrome P450 aromatase (P450 arom) cDNAs that derive from separate gene loci 
(cyp19a and cyp19b) were differentially expressed in brain and gonads of M. fluviatilis 
highlighting their diverse role in the physiology. The enzyme aromatase (cyp19b) represents a 
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key element as it catalyses the conversion of androgens to estrogens (Callard et al., 1978; Le 
Page et al., 2010). 
After 14 days of exposure, there is an overexpression of aromatase in the brain of male fish 
confirming the high plasticity of the fish brain. The overexpression of the brain aromatase is 
likely due to the increase in circulatory levels of testosterone and consequent negative feedback 
since in contrast to most androgens, 17β trenbolone cannot be metabolized by the enzyme to 
estrogens (Baumann et al., 2014; Zhang et al., 2012). The P450 aromatase cyp19 transcripts in 
the brain are known to be highly sensitive in response to estrogen exposure (Kuhl and Brouwer, 
2006).   and it is broadly accepted that estradiol (E2) up-regulates the cyp19a1b gene via a 
positive autoregulatory loop (Zhang et al., 2012). On the other hand, the effects of androgens 
on male cyp19a1b are not so linear and effects range from upregulation, to downregulation or 
no effect. For example, it has been observed that exposure of the fathead minnow (P. promelas) 
to 17β trenbolone leads to a significant down regulation of the cyp19b expression after 4 d of 
exposure to high concentrations of 17β trenbolone (1 mg/L) (Dorts et al., 2009). Moreover, the 
cyp19b mRNA expression in zebrafish embryos (Danio rerio) was significantly increased after 
exposure to testosterone and dihydrotestosterone (Mouriec et al., 2009). Exposure to the 
androgenic compound methyltestosterone (MT) did not affect the cyp19b expression in the 
brain of adult male zebrafish (Andersen et al., 2006). 
However, similar to the result of our study, elevated cyp19b mRNA levels in zebrafish embryos 
after exposure to 17β trenbolone have been observed (Baumann et al., 2014; Brion et al., 2012). 
Thus, it is possible that indirect mechanisms that are causing misbalance of the estrogen 
/androgen ratio lead to the observed effects. 
A significant increase in the mean normalized vtg expression in liver of adult female M. 
fluviatilis was observed; which corresponded with a downregulation of aromatase expression 
in the brain after exposure to 40 ng/L of 17α trenbolone. This unexpected expression of 
vitellogenin in females might be due to that the decrease of aromatase and consequent 
conversion of E2 from testosterone is reduced. This results in less estradiol which reduction of 
its negative feedback in the fish brain leading to the increase in estrogen production. 
This paradoxical result and the mechanism by which trenbolone leads to the overexpression of 
vitellogenin is not clear. The direct binding to the androgen and estrogen receptors is unlikely. 
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According to (Ankley et al., 2004), in a co-treatment with the androgen receptor antagonist 
flutamide, vitellogenin production is not modulated directly by the interaction with the 
androgen receptors; and there is no evidence that trenbolone might act as an estrogen agonist. 
Therefore, is possible that exogenous androgens such as 17α trenbolone might affect the 
production of testosterone causing changes in circulating levels of estradiol and consequently 
affecting vitellogenin expression.  
 
   The role of E2 as the major regulator of hepatic vitellogenin production is well known and it 
is widely documented in the literature, while cyp19 expression and its activity have been shown 
to be related to the levels of E2.  Teleost fish such as Japanese medaka, have two distinct 
aromatase genes, the gonadal (cyp19a) and brain (cyp19b). The estradiol synthesized by 
gonadal aromatase has critical impacts on reproductive and sexual functioning, and brain 
aromatase activity can modulate neurogenic activity in the brain (Diotel et al., 2013). 
However, in the ovary, no compensatory responses were observed and the cyp19a1a expression 
was significantly downregulated at both concentrations of trenbolone 40 and 400 ng/L.  
Downregulation of ovarian aromatase was previously observed in fish exposed to 20 and 200 
μg/L of methyl testosterone (MT) for 7 days (Hornung et al., 2004).  
 It is possible that the hypothetical increase of E2 accumulated in the ovary leads to a decrease 
in aromatase expression in the ovary, (despite exposure to trenbolone); reduces the synthesis 
of E2 and consequently further reduces the expression of the ovarian aromatase. However, 
these results could be chemical, concentration or time dependent since in field exposures of the 
eastern mosquitofish (Gambusia holbrooki) to paper mill effluents it was observed that despite 
females being significantly masculinized, females from polluted sites exhibited higher ovarian 
aromatase activity compared with fish at reference sites (Orlando et al., 2002). 
In this study, different expression patterns were observed for the two aromatases brain 
cyp19a1b and ovary cyp19a1a, which has been reported before.  According to Miracle et al. 
(2006), the negative correlation between the transcription of brain cyp19a1b and ovary 
cyp19a1a indicates different physiological roles of the brain and ovary aromatase activity 
(Miracle et al., 2006). 
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In this study, no aromatase was expressed in the male gonads contrary to what was described 
by Shanthanagouda et al. (2012) for the same species possibly due to that gonadal aromatase 
is not expressed in fully mature adult male fish as compared to younger adult males  
(Shanthanagouda et al., 2012). 
Overall, aromatase regulation is complex and its application as a biomarker clearly difficult 
(Baumann et al., 2014). Moreover, since gene expression measurements are a dynamic control 
of transcript levels, many of compensatory mechanisms take place (Ekman et al., 2011). Hence, 
in long-term exposures, more than a few days, most of the changes have already taken place in 
the first 24 h of exposure. Additionally, the general question remains as to whether changes in 
gene expression necessarily translate into changes in   enzyme activity (Baumann et al., 2014; 
Laier et al., 2006).  
Effects of 17α trenbolone were noted on both eggs and larvae of M. fluviatilis. Similar reports 
were observed by Schultz et al 2008 (Schultz et al., 2008) where the majority of embryos of 
the 17β trenbolone exposed treatment groups could be characterized as either having no eye 
pigmentation or a complete lack of eye development. Initially, deformations were observed in 
larvae obtained from 17α-trenbolone exposed fish for a maximum of 24 h, since eggs were 
collected every 24 h and further reared in clean water (experiment 1).  We initially hypothesized 
that deformations could be related to adults being exposed to 17α trenbolone. This is mainly 
because effects on the circulating Vtg levels could have deleterious effects on egg quality and 
consequently on the development of the embryo. It is known that because of the phosphate 
groups, both lipovitellin and phosphovitin have a great affinity for metal ions. Indeed, 
vitellogenin is the main carrier of circulating calcium in the plasma (Pinto et al., 2014). Other 
important metals such as iron are mainly found in the yolk in the form of complexes with 
phosphovitin, whereas lipovitellin can contain up to 90% of the yolk zinc. However, in 
experiment 3, after collecting eggs from a healthy stock and exposing them to 0-500 ng/L of 
17α trenbolone, similar deformations were observed, which may indicate other underlying 
mechanisms of disruption of even genotoxicity.  According to Boettcher et al. (2011), the 
steroid 17β trenbolone may act as a genotoxic substance, which may explain the observed 
deformities in the eyes of M. fluviatilis.  
Despite being banned in the European Union since 1981 trenbolone is still widely used in beef 
production in Australia, the United States, South America, Japan and New Zealand (EC, 2017; 
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Food Standards Australia and New Zealand, 2017). If 17α trenbolone can reach the aquatic 
environment as previously demonstrated by several studies (Gall et al., 2011; Schiffer et al., 
2004) it can possibly affect fish fecundity as well as their ability of the species to survive. 
Significant response with no dose-related trend is always a large uncertainty and observed 
results would have to be confirmed with a wider range of concentration and with more 
replicates in order to establish final conclusions. 
 
3.5. Conclusion 
Exposure of M. fluviatilis to 17α trenbolone caused deleterious effects on both adult and larval 
life stages, at concentrations similar to those reported to cause effects by 17β trenbolone.  The 
non-dose response pattern observed in vitellogenin responses associated with a higher potency 
than expected of trenbolone leads to think that organisms living near feedlot runoff discharges 
might be at a higher risk than initially predicted. The effects on early life stages can cause 
serious disadvantages for fish populations since larvae will not be able to actively swim or 
search for food. 
Further investigation is needed to confirm these results as well as to determine effects on larvae 
as well as mixtures of trenbolone with other EDCs with different modes of action on larval and 
adult fish. 
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Supplementary material 1 
 
Table S1. Condition factor (CF), hepatosomatic and gonadosomatic indices of fish exposed to 
40 and 400 ng/L of 17α trenbolone for 14 days. m=male; f=female 
       
Concentration (ng/L) Condition factor (CF) Hepatosomatic index (HSI) Gonadosomatic index (GSI) 
 m f m f m f 
control 1.5±0.02 1.4±0.09 0.6±0.11 1.0±0.05 0.45±0.09 2.5±0.20 
       
40 1.6±0.13 1.4±0.05 0.8±0.09 0.9±0.11 0.5±0.10 2.6±0.50 
       
400 1.5±0.01 1.4±0.04 0.8±0.20 0.9±0.09 0.6±0.20 1.7±0.30 
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Abstract 
It is known that the trenbolone acetate metabolites such as the androgenic 17α trenbolone can 
behave differently at low and high concentrations and can alter the reproductive physiology of 
both male and female fish. This study aimed to evaluate the effects of single exposures to the 
androgenic 17α trenbolone at low (5 ng/L) and high concentrations (500 ng/L) as well as in 
combination with a known estrogenic chemical, 17β estradiol (50 ng/L) on male adult Murray 
River rainbowfish (Melanotaenia fluviatilis). The relative gene expression of steroid receptors 
in the liver, as well as induction of vitellogenin in plasma, were used as endpoints. Results 
show that 17α trenbolone (TBL) did not interfere with the estrogen receptor (ER) expression 
in any of the concentrations tested and it was unable to counteract any estrogenic effects caused 
by the co-exposure to E2. The expression of ERα was significantly induced after exposures to 
TBL+ E2 at both low (5 ng/L) and high concentrations (500 ng/L) of TBL. The ERα expression 
in the TBL + E2 exposures was correlated with the expression of hepatic vtg mRNA. The 
hepatic expression of the ARβ was significantly reduced when exposed to low concentrations 
of TBL +E2 compared with the controls, whereas when combined with high concentrations of 
TBL there were no significant differences. Vitellogenin induction was two-fold lower when 
fish were exposed to E2 with a high concentration of TBL than when E2 was mixed with a low 
concentration of TBL. These findings demonstrate that no significant effects were found at low 
and high concentrations of 17α trenbolone in any of the parameters tested in male fish.   From 
the results, it was noted that E2 may have anti-androgenic effects, leading to the down-
regulation of ARβ.  
Keywords: Endocrine disruptors, fish, receptors, 17α trenbolone 
4.1. Introduction 
In the Aquatic environment, wildlife species are constantly being exposed to exogenous 
chemicals that are known to interfere with their endocrine system and thereby can cause 
adverse effects. These chemicals are called Endocrine Disrupting Chemicals (EDCs) and 
include a wide range of both synthetic and natural compounds (Hoffmann and Kloas, 2012). 
Frequently, a source of both androgenic and estrogenic steroid hormones to the environment is 
the discharge and run-off resulting from animal feeding operations (Bartelt-Hunt et al., 2012; 
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Durhan et al., 2006; Khan and Lee, 2012). In the last decade, the potential ecological effects of 
hormonally active substances associated with discharges from animal feeding operations have 
gained attention (Durhan et al., 2006; Kolok et al., 2007). This is mainly due to the extensive 
use of anabolic implants in beef production. Implants have been used in beef cattle for more 
than 50 years due to their ability to increase the body protein content, growth efficiency and 
carcass weight (Montgomery et al., 2001). Estrogens such as estradiol, progestins as 
progesterone and androgens such as trenbolone acetate are the main ingredients of those 
implants and are widely used in the United States, Canada and in Australia.  Commercial 
implants used to promote cattle growth in Australia contain 60-200 mg of trenbolone acetate 
(TBA) as the commercial products Revalor-S (140 mg TBA and 28 mg  of 17β estradiol (E2)),  
and Revalor-H (200 mg TBA and 20 mg E2) (Dorts et al., 2009; Hunter, 2010). Trenbolone 
acetate is administered to livestock via controlled release implants that upon entry into the 
blood are hydrolyzed to 17β trenbolone, which by epimerization is converted to 17 α 
trenbolone.  
The chemical 17β trenbolone is a potent androgen receptor agonist with a binding affinity 
approximately equivalent to dihydrotestosterone, whereas 17α trenbolone has a binding affinity 
10-fold lower than the β stereoisomer (Meyer and Rapp, 1985 ; Neumann, 1976; Wilson et al., 
2002). Despite both stereoisomers being excreted by livestock, 17α trenbolone comprises about 
95% of the total excreted product (Schiffer et al., 2001). 
17β trenbolone has been reported to masculinize female medaka (Oryzias latipes) and zebrafish 
(Danio rerio), resulting in 100% male populations of zebrafish when exposed to 20 ng/L 
(Larsen and Baatrup, 2010). 17β trenbolone has also has been shown to have an impact on fish 
behaviour  (Bertram et al., 2015; Heintz et al., 2015). Moreover, morphological 
masculinization of gonads as well as the decrease of plasma vitellogenin have been shown to 
persist even after 40 days of depuration in clean water in zebrafish exposed to 10 and 30 ng/L 
of 17β trenbolone suggesting that androgenic effects on the sexual development of zebrafish 
are irreversible (Baumann et al., 2014; Morthorst et al., 2010).  However, trenbolone is also 
known to cause interference with reproductive processed of male fish. In male fathead 
minnows, albeit at concentrations much higher than those producing effects in females, males 
exposed to 17β trenbolone at 41 μg/L exhibited decreased plasma concentrations of 11-
ketotestosterone and increased concentrations of 17β estradiol and vitellogenin (Ankley et al., 
2003). Moreover due to trenbolone’s unusual U-shaped dose response curve this chemical 
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might elicit different behavior at different concentrations in both male and female fish. 
According to Ankley et al. (2003), vitellogenin can be induced in male fish at relatively high 
concentrations of 17β trenbolone (50 000 ng/L) possibly due a possible activation of the 
estrogen receptor by the elevation of E2. Additionally Le Guevel and Pakdel (2001) reported 
that 17β trenbolone had weak activity in a recombinant yeast reporter gene system expressing 
rainbow trout estrogen receptor. 
Despite, 95% of the total excreted product being 17α trenbolone, only one previous study 
assessed the potential androgenic effects of this stereoisomer (Jensen et al., 2006). According 
to Jensen et al. 2006, 17α trenbolone can reduce the fecundity of fathead minnow (Pimephales 
promelas) as well as lead to the development of typical secondary male sexual characteristics 
in adult female fish. Additionally, and despite exposure to the α stereoisomer, the β 
stereoisomer was found in the tissues of the fish. 
There is a ubiquitous coexistence of both estrogenic and androgenic contaminants in aquatic 
ecosystems, however few studies have been performed to evaluate the interaction of natural or 
synthetic estrogens with androgens or other EDC compounds with different modes of action 
(MOA), which is commonly found in the environment (Velasco-Santamaria et al., 2013; 
Velasco-Santamaría et al., 2010). Moreover, only a few published studies have addressed their 
combined effects in fish  (Kobayashi et al., 2011; Santos et al., 2006; Velasco-Santamaría et 
al., 2010).   
The aim of this study was to evaluate the effects of single concentrations of 17α trenbolone and 
in combination with 17β estradiol at the molecular level. 
 
4.2. Materials and Methods 
4.2.1. Culture and maintenance of fish 
Sexually mature male (12 months old; 2.5–3.5 g) Murray River rainbowfish were obtained 
from Aquarium Industries (Epping, Vic).  Fish were acclimated for 2 weeks in 100 L tanks 
with dechlorinated water with > 80% dissolved oxygen (DO) and pH 7.5.  The temperature 
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was maintained at 24° and a photoperiod of 16:8-h light: dark. Fish were fed 4% (w/w body 
wt) frozen brine shrimp once daily (Hikari bio- Pure). 
4.2.2. Chemicals 
17β estradiol (E2) (98%, CAS: 50-28-2) was purchased from Sigma-Aldrich (Steinheim, 
Germany) and 17α trenbolone (98% CAS: 80657-17-6) was purchased from Novachem, 
Australia. Stock solutions were prepared in methanol and kept in the dark at –20 °C. From 
these, working stocks were prepared and used to spike the testing tanks with the concentration 
of solvent (0.001%) constant across all treatments. 
4.2.3. Fish exposure 
Fish were exposed for 7 days to single concentrations of 17α trenbolone and in combination 
with 17β estradiol. Three glass aquaria containing 3 fish each were set up for each treatment. 
Fish (9 per treatment) were exposed in glass aquaria containing 7 L water in the following 
groups: 1. Control (water); 2. Solvent control; 3. Low concentration of trenbolone 5 ng/L (5 
TBL); 4. High concentration of trenbolone 500 ng/L (500 TBL); 5. Low TBL in combination 
with 50 ng/L of 17β estradiol (E2) and 6. High TBL in combination with 50 ng/L of 17β 
estradiol (E2). 
The physical conditions during the test were similar to those during the acclimation period. 
Water in the testing tanks was 80 % renewed and test solutions spiked every 24 h. Based on 
(Robinson et al., 2016) a 66-77% volume of water change maintains 88-100% of the 17α 
trenbolone nominal concentrations. Fish were fed 4% (w/w) brine shrimp 1 h before renewals 
daily. The water quality parameters (pH, DO, and conductivity) were measured every 24 h.  
4.2.4 Sampling 
After 7 days of exposure, fish were anaesthetised in AQUI-S®10 (New Zealand LTD) and 
body mass (g) and total length (cm) were measured and condition factor (CF) were calculated 
using the formula [body weight (g) / Total length (mm)]3 x 100.  Blood samples were collected 
from the caudal vessels using heparinized capillary tubes (Kimble Chase, USA) and further 
centrifuged at 15,000 g for 15 min to obtain the plasma. Plasma was stored at -80 °C for later 
determination of vitellogenin (Vtg). Subsequently, the fish were decapitated and the liver and 
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testis were excised and weighed to determine the hepatosomatic (HSI) and gonadosomatic 
indices (GSI).  
The hepatosomatic (HSI) and gonadosomatic indices (GSI) were calculated as [tissue 
weight/body weight] x 100. Livers were subsequently placed in RNAlater and stored at -80 °C 
for further quantification of gene expression by RT-qPCR. 
 
4.2.5. Semi-quantitative enzyme-linked immunosorbent assay for VTG determination in 
plasma 
Vitellogenin analysis in the plasma was measured following a protocol by Woods and Kumar 
(2011) and further modified by (Scott et al., 2017). Briefly, after thawing plasma samples on 
ice, samples were diluted 10 000 times in cold phosphate-buffered saline (PBS; 0.01 M, pH 
7.4) and 100 μL of the sample used to coat a white medium binding 96-well plate (Greiner). 
Each plate contained a standard curve (female plasma) with increasing amount of plasma 
protein (12.5-200 ng/well), a positive control (male exposed to EE2), a negative control 
(control male) as well as a blank containing PBS only, all in triplicate. Plates were sealed and 
incubated overnight at 4 °C. After incubation, plates were washed three times with wash buffer 
[PBS with 0.05% (v/v) Tween-20] before adding 200 μL of the blocking buffer (BB; 1% [w/v] 
bovine serum albumin in PBS) and then incubated at room temperature for 60 min. 
Subsequently, 100 μL of the diluted primary antibody (Anti sea-bream VTG-PO-2, 1:10000) 
was added to each well and the plate was incubated overnight at 4 °C. Each well was washed 
three times with wash buffer and 100 μL of the secondary antibody (Anti-Rabbit IgG; HRP 
conjugate, 1: 4000 in BB) was added and incubated at room temperature for 2 h.  After this, 
wells were washed five times with washing buffer and 100 μL of the diluted (10x; PBS) 
detection substrate (SuperSignal West Femto Maximum Sensitivity substrate; Thermo Fisher 
Scientific) was added and luminescence (Lux) was read on a POLARstar multi-mode 
microplate reader (BMG Labtech) within 1min of detection substrate addition. 
4.2.6. Quantitative real-time polymerase chain reaction (qRT-PCR) in liver samples 
For real-time quantitative polymerase chain reaction (RT-qPCR) analysis total RNA was 
isolated from approximately 25 mg of liver tissue using the RNeasy Mini Kit (Qiagen) 
according to the manufacturer's instructions; with a homogenization step using a FastPrep-24 
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(MP-Biomedicals) at 5 m/s for 45 sec.  The concentration of RNA was measured 
spectrophotometrically (NanoDrop ND-1000, Thermofisher) with expected A260/280 values 
around 2.0. The integrity of RNA was determined by electrophoresis on a 1% agarose gel 
containing GelRed dye stain (Biotium). Total RNA was stored at −80 °C until further use. 
Prior to cDNA synthesis, a DNase treatment was performed using the Turbo DNA-free kit 
(Thermo Fisher). 18S qPCR was performed to confirm that no DNA was remaining in the 
samples.  Samples were re-quantified on the NanoDrop and diluted to 1 μg for reverse 
transcription.  Synthesis of cDNA was performed with Qiagen QuantiTect Reverse 
Transcription Kit, according to the manufacturer's instructions. Before use as a template in 
qPCR experiments, the cDNA was diluted 50 times in nuclease-free water for the housekeeping 
gene (18S) qPCR and 10 times for all other genes. 
RT-qPCR was performed using the AriaMx Real-Time PCR System (Agilent) and SYBR 
Green chemistry using Brilliant III Ultra-Fast SYBR Green qPCR MasterMix (Integrated 
Sciences). The primers used for RT-qPCR are listed in Table 1 and were used at 0.4 μM of 
each primer.  The amplification program used was a 3-min initial denaturation at 95 °C, 
followed by 40 cycles of a two-step program of 5 s at 95 °C denaturation and 10 s at 60 °C 
annealing; and a final melt curve analysis to confirm amplification specificity.  The relative 
abundances of each gene were calculated using the comparative CT method (Villeneuve et al., 
2013). 
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Table 4.1. Primer sequences (5’→3’) of the genes for estrogen receptor α (ERα), estrogen 
receptor β (ERβ), vitellogenin (VTG), androgen receptor α (ARα), androgen receptor β (ARβ), 
and 18S rRNA in Murray rainbowfish (Melanotaenia fluviatilis).   
        
Gene  Primers (5'-3') Size (base pairs) 
GenBank 
number 
ERα GCTGAGCCGACCTTACACTG  368 GU319956a 
 GTCTATCCACTGTCCTGGCAAG   
ERβ GCTGGGCCAAGAAGATTCC 406 GU319957a 
 CATCTTCTCCCCGGACCTC   
VTG   GGATCCTTCTGACCAAGACC  315 GU319959b 
 TCAGCTCATTCACATGTGCC   
ARα    TGTCGCCTAAAGAGGTGCTT 109 KF782834 
 GCAGTACTTGGGGTCCTTGA   
ARβ  GCCCTTCTTGTCGTCTCAAG 176 KF782835 
 GACCAGCTGGGAGTTGATGT   
18S CAGTTATGGTTCCTTTGATCGCTC  247 GU319960 
  CTGCCCTATCAACTTTCGATG     
    
 a From Woods et al. (2010) 
b from Woods and Kumar (2011)  
F =forward; R = reverse; A = adenine; C = cytosine; G = guanine; T =thymine. 
4.2.7. Data analyses 
In the present study three replicate tanks containing 3 fish in each were used for analysis 3 fish 
were used for each treatment. There were no significant differences in the tested endpoint 
between fish across different within the same treatment which confirmed the absence of tank 
effects. Hence, the number of replicates used for statistical analysis was 9 for the analysis. Data 
were analyzed using the software Sigmaplot version 12. All variables were checked for 
normality and homogeneity by using the Kolmogorov-Smirnov and the Levene’s tests, 
respectively.  Data were submitted to one-way analysis of variance (ANOVA) and all pairwise 
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comparisons made by the Holm-Sidak method.    When the parametric assumption of ANOVA 
failed, data were submitted to Kruskal-Wallis One Way Analysis of Variance on Ranks and all 
Pairwise Multiple Comparison Procedures by the Dunn's Method. 
4.3. Results 
4.3.1. Biological effects 
After 7 days of exposure to low and high concentrations of TBL as well its combinations with 
E2, no significant effects were observed on the condition factor of adult male M. fluviatilis 
(Table 2). Similarly, no significant effects were observed on the gonadosomatic index (GSI) 
and hepatosomatic index (HSI), in fish exposed to TBL and E2. 
 
Table 4.2. Changes in the condition factor (CF), gonadosomatic index (GSI) and 
hepatosomatic index (HSI) of male Murray river rainbowfish (Melanotaenia fluviatilis) after 
exposures to 17 α trenbolone 5 ng/L (TBL 5); 500 ng/L (TBL 500) and combination with 17β 
estradiol at a concentration of 50 ng/L (E2+5), (E2+500), control and solvent control (solv. 
Control). Data presented as mean ± SE; n=9. 
 
4.3.2. Relative expression of genes involved in the expression of steroid receptors and vtg  in 
the liver 
The transcripts profile of ERα and ERβ showed that the expression of the hepatic ERα was 
significantly induced after exposures to TBL+E2 at both low (5 ng/L) and high concentrations 
Treatment Condition factor (CF) Hepatosomatic index (HSI) Gonadosomatic index (GSI) 
    
control 1.14±0.22 0.85±0.11 0.36±0.08 
solvent control 1.20±0.15 0.89±0.07 0.50±0.04 
TBL 5 1.91±0.29 0.91±0.12 0.40±0.04 
TBL 500 1.36±0.41 0.90±0.05 0.42±0.07 
E2+5 0.73±0.23 0.75±0.08 0.36±0.05 
E2+500 1.81±0.48 0.80±0.06 0.38±0.06 
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(500 ng/L) of trenbolone (p<0.05) (Fig 2A). On the other side, the expression of the subtype β 
was not significantly affected by the treatments when compared with the controls (Fig. 1B). 
The expression of the hepatic ARα was not significantly affected by the exposures compared 
to the solvent control (Fig 2C). On the other side, the expression level of ARβ (Fig 1D) was 
significantly reduced in the liver of M. fluviatilis when exposed to low concentrations of TBL 
in combination with E2 when compared with controls, p≤ 0.05.   When E2 was combined with 
high concentrations of TBL there were no significant differences in the expression level of ARβ 
compared with the control. Additionally, there was a significant difference in the expression 
level of ARβ in fish exposed to both low and high concentrations of TBL when combined with 
E2 at 50 ng/L, p≤ 0.05 (Fig. 1C). 
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Figure 1. Relative abundance of the transcripts for:  (A) estrogen receptor alpha ERα; (B) 
estrogen receptor beta ERβ ; (C) androgen receptor ARα ,  and  (D) androgen receptor β ARβ 
in the liver of adult male Murray rainbowfish (Melanotaenia fluviatilis) after treatment with 17 
α-Trenbolone at 5 ng/L (TBL5); 500 ng/L (TBL 500) and combination with 17β estradiol at a 
concentration of 50 ng/L (E2+5), (E2+500), control and solvent control (solv. Control). Data 
normalized to 18S rRNA housekeeping gene.  Means not denoted by the same letter are 
significantly different (p ≤0.05).  Bars indicate standard error of means: n=9. 
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Vitellogenin transcripts were significantly expressed in both treatments of low and high 
concentrations of TBL in combination with E2, p ≤0.05.  No differences were observed 
between these two E2 combinations (Fig.2). 
 
 
Figure 2. Relative abundance of the transcripts for Vitellogenin (vtg) in the liver of adult male 
Murray rainbowfish (Melanotaenia fluviatilis) after treatment with 17α trenbolone 5 ng/L 
(TBL 5); 500 ng/L (TBL 500) and combination with 17β estradiol at a concentration of 50 ng/L 
(E2+5), (E2+500), control and solvent control (solvent control). Data normalized to 18S rRNA 
housekeeping gene.  Means not denoted by the same letter are significantly different (p ≤0.05).  
Bars indicate standard error of means: n=9. 
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4.3.3. Plasma Vitellogenin 
After 7 days exposure to combinations of low (5 ng/L) and high (500 ng/L) concentrations of 
17α trenbolone (TBL) with 17β estradiol (E2) there was a significant induction of Vitellogenin 
(Vtg) in plasma of adult M. fluviatilis (p≤ 0.05). No Vtg induction was detected in the plasma 
of fish exposed to 17α trenbolone alone in both low and high concentrations. 
Vitellogenin induction in plasma of male fish exposed to low concentrations of TBL with E2 
was about 63 times higher than in male negative controls, whereas Vtg induction was only 
about 35 times in plasma of fish exposed to the high concentration of TBL with E2 (Fig. 3). 
 
 
 
 
 
 
 
 
Figure 3. The proportion of protein vitellogenin induction in plasma of male M. fluviatilis 
relatively to a negative male control after 7 days exposures to 17α trenbolone 5 ng/L (TBL 5); 
500 ng/L (TBL 500) and combination with 17β estradiol at a concentration of 50 ng/L (E2+5), 
(E2+500), solvent control (solv. control).   Means not denoted by the same letter are 
significantly different (p ≤0.05). Bars depict standard error, n=9. 
4.4.  Discussion 
In this study, the analysis of the transcripts profile showed that 17α trenbolone (TBL) alone 
was unable to significantly interfere with the studied nuclear receptors at any of the 
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concentrations tested, showing that possible interference with testosterone and estradiol levels 
might occur through other processes not related with direct interference with the receptors. 
Additionally, at these concentrations, this androgenic chemical was also unable to counteract 
any the estrogenic effects caused by the co-exposure of trenbolone with the estrogen 17β 
estradiol, as showed by the significant upregulation of both the hepatic ER receptors subtypes 
α and β (Fig 2A). It was expected that the exposure to the AR agonist as TBL would result in 
an enhanced feedback of steroid synthesis which initially activated the ER by E2 and, hence, 
reduced the vitellogenin expression.  
In this study, as demonstrated by previous studies the expression of the estrogen receptor β was 
unaltered by both the single and combined exposures of 17α trenbolone with E2.  The exposure 
to estrogens like 17β estradiol was shown to strongly upregulate the expression of the gene 
ERα but not the ERβ in zebrafish, largemouth bass, goldfish and rainbow trout (Boyce-
Derricott et al., 2009; Chandrasekar et al., 2010; Menuet et al., 2004; Sabo-Attwood et al., 
2007). This implies that ERα is the principal receptor mediating the regulation of the VTG gene 
(Flouriot et al., 1996) and 17α trenbolone at both low and high concentrations did not lead to 
any changes to the receptor not causing any estrogenic effects in M. fluviatilis. Despite this, 
according to (Nelson and Habibi, 2010), the ERβ subtypes are responsible for maintaining the 
basal levels of ERα and are required for the normal E2-mediated up-regulation of ERα, 
sensitizing the liver to further stimulation by E2. 
 According to Flouriot et al. (1996), the hepatic ERα usually correlates with liver vtg 
mRNA and similar results were obtained in this study since when fish were co-exposed in the 
TBL and E2 treatments the ERα expression in the liver as well as the hepatic vtg mRNA was 
significantly induced (Fig. 3).   
On the other hand, the ERα gene upregulation did not correlate with the Vtg plasma protein 
levels in male M. fluviatilis (Fig 4). Comparable results have also been reported by Andreassen 
et al. (2005), where when male eelpout was exposed to 25 μg/L of 4-tert octylphenol there was 
early plasma Vtg accumulation before ERα induction and E2 binding proteins were found in 
the liver cytoplasm. 
It was expected that both ERα, as well as vtg expression, were reduced at high concentrations 
of TBL considering that the androgenic effects of TBL could counteract some of the estrogenic 
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effects of E2. This was not observed at molecular level despite at protein levels the levels of 
Vtg in plasma were reduced by the co-exposure of E2 + 500 ng/L of TBL (Fig 3). 
Not many studies have been performed in fish to evaluate the interaction of TBL in 
combination with other endocrine disrupting chemicals. In fact, no other studies have co-
exposed 17α trenbolone with another known endocrine active compounds and only one study 
has assessed the effects of 17α trenbolone on female fish (Jensen et al., 2006). Despite 17α 
trenbolone being recognized as the main metabolite of trenbolone acetate found in the water. 
In the few published studies that assessed the combined and potential modulating effect of 
trenbolone acetate in fish used 17β trenbolone simultaneously with estrogens (Velasco-
Santamaria et al., 2013; Velasco-Santamaría et al., 2010). Velasco-Santamaría et al. (2010) 
exposed male eelpout to simultaneously EE2 and TBL concluding that no clear modulating 
effect of TBL could be observed presumably due to the low concentrations of TBL used (lower 
than 16 ng/L) and higher concentrations were not tested.  
Trenbolone as a single chemical exposure did not result in a significant lower ERα or hepatic 
vtg mRNA downregulation despite a tendency for the number of transcripts to be reduced in 
treatments with both low and high concentrations of trenbolone. These results are similar to 
those published by Ankley et al. 2003, where no vitellogenin induction was observed in male 
fathead minnows exposed to TBL at concentrations from 5 to 500 ng/L.  
Androgens induce male characters by activating the nuclear androgen receptor (AR) and in 
general in teleosts, ARα shows high affinity to testosterone whereas AR β has a broader 
androgen affinity  (Ikeuchi et al., 2001; Sperry and Thomas, 1999; Takeo and Yamashita, 2000; 
Todo et al., 1999).  
In this study, the expression level of ARβ was significantly reduced in the liver of M. fluviatilis 
when exposed to low concentrations of TBL combined with E2 when compared with controls, 
p≤ 0.05.   When combined with high concentrations of TBL there were no significant 
differences compared with the control. There was also a significant difference in the expression 
level of ARβ between both low and high concentrations of TBL when combined with E2 at 50 
ng/L, p≤ 0.05 (Fig. 2D). These results indicate that E2 seems to have some anti-androgenic 
action on rainbowfish since AR β is downregulated when the concentration of trenbolone was 
low (5 ng/L). When E2 was combined with higher levels of trenbolone the levels of ARβ 
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transcripts in the exposed rainbowfish was similar to controls. Some chemicals are known anti-
androgens. Among them, there are the therapeutic agent's hydroxytamoxifen and flutamide, the 
fungicide vinclozolin, and the DDT metabolite p,p’-DDE that shown to be anti-androgens in 
their in vitro yeast-based assay (Sohoni and Sumpter, 1998). Additionally “estrogenic 
chemicals” bisphenol A, butyl benzyl phthalate and o,p’-DDT were also anti-androgens. 
This is particularly significant in aquatic habitats where mixtures of androgens and estrogens 
are likely to occur at different concentrations, and no effects are seen on aquatic organisms if 
they counteract each other as in the ARβ E2+ 500 TBL exposures in our study. 
Environmental anti-androgens are increasingly being recognized as potential contributing 
factors in the chemically induced feminization of wild fish because, by blocking androgenic 
action, they can produce phenotypic effects similar to environmental estrogens. 
Similar results have been obtained by Filby et al. (2007) where some commonalities in 
molecular mechanisms of flutamide, a known anti-androgen and EE2 action, including the 
down-regulation of gonadal sex steroid receptor expression (gonadal AR and ovarian ER α). 
 
From our study, we conclude that 17 α trenbolone seems to partially counteract the effects of 
E2 at 500ng/L or higher, however not interfering per se with any of the receptors studied . It 
is, therefore, possible that higher concentrations of this androgen may completely counteract 
the estrogenic effects by E2 on adult male M. fluviatilis. E2 appears to have some anti-
androgenic action on these fish by modulating the androgenic effects of trenbolone at low 
concentrations. In conclusion, our results confirm the complexity of effects that can occur in 
fish exposed to mixtures of endocrine disrupting chemicals in the aquatic environment where 
androgens and estrogens are known to co-occur. 
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Abstract 
The herbicide atrazine is a suspected endocrine disrupting chemical (EDC) is a ubiquitous in 
the aquatic environment. This study evaluated the potential endocrine disruptive effects of 1.3, 
13 and 130 μg/L of atrazine on both male and female Murray River rainbowfish (Melanotaenia 
fluviatilis) as well as the ethoxyresorufin-O-deethylase (EROD) activity. From our study both 
female and male M. fluviatilis were affected by exposure to low atrazine concentrations of 13 
and 130 μg/L for 14 days. Delay in female ovary maturation as well as extensive fibrosis in 
male fish exposed to 130 μg/L was observed. No changes were observed in vitellogenin levels, 
however EROD activity was significantly increased in females exposed to 130 μg/L of atrazine 
and significantly inhibited in males at both 13 and 130 μg/L of atrazine. Our results show that 
atrazine is toxic and affects the reproductive organs of aquatic species at low concentrations 
similar to of atrazine at levels similar to those in the environment.  
5.1. Introduction 
Products used in agriculture represent a major source of pollutants to both terrestrial and 
aquatic environments all over the world.  
In the last 50 years, atrazine (2-chloro-4-ethylamino-6-isopropylamino-s-triazine) has been one 
of the most extensively used herbicides worldwide (Hayes et al., 2010). Consequently, this 
herbicide, which has also been hypothesized to act as also an endocrine disrupting chemical 
(EDC) is one of the most frequently detected contaminants in the aquatic environment 
(Battaglin et al., 2009; Claver et al., 2006; Dong et al., 2009; Lewis et al., 2009). 
Due to its high mobility, atrazine is found at low concentrations in waters and sediments 
potentially causing unintended effects on aquatic organisms (Battaglin et al., 2009; Graymore 
et al., 2001; Rice, 1996). Atrazine has a hydrolysis half-life of 30 days and relatively high water 
solubility (32 mg/L), which facilitates its infiltration into ground water (Orme and S., 2004).   
It has been commonly detected in Australian rivers being detected at a maximum 
environmental concentration of 209 ng/L (Scott et al., 2014a). 
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Banned in the European Union since 2004, atrazine is still widely used in both USA and 
Australia. In Australia atrazine has been detected in the nearshore marine environment, and 
close to the Great Barrier Reef (Bethsass and Colangelo, 2006; Haynes et al., 2000).  
At high concentrations, atrazine has been linked to a series of effects in aquatic organisms. It 
has been reported to lead to deleterious reproductive effects in male African clawed frogs 
(Xenopus laevis) (Hayes et al., 2010; Hayes et al., 2006) as well as in fish such as the fathead 
minnow (P. promelas), (Bringolf et al., 2004; Tillitt et al., 2010), goldfish (Spanò et al., 2004), 
guppies  (Shenoy, 2012; Vasanth et al., 2015) and insects (Vogel et al., 2015).  It has also been 
linked to genotoxic effects (Cavas, 2011; Nwani et al., 2011; Santos and Martinez, 2012; Zhu 
et al., 2011) biochemical changes’ (Dong et al., 2009; Santos and Martinez, 2012) and  
histopathological (Paulino et al., 2012)  and physiological effects (Nieves-Puigdoller et al., 
2007). 
Recently Wirbisky et al. (2016), reported that embryonic atrazine exposure lead to a significant 
decrease in spawning and a significant increase of follicular atresia in adult zebrafish exposed 
to 30 ppb. The same author reports alterations in head length to body ratio in at concentration 
of 0.3 and 3 ppb as consequence of embryotic exposure to atrazine. These concentrations are 
below the US EPA allowable limits of 3 ppb in drinking water (US EPA, 2012). In Australia   
a guideline value for atrazine of 2 μg/L had been proposed for local application since this was 
the value established overseas (APVMA, 2008). The freshwater ‘moderate reliability’ trigger 
value for atrazine, 95% of the species protection, was set at 13 μg/L (ANZECC, 2000).The 
values apply to the overall or surrounding quality of water  not  being applied to point of 
discharge or mixing zones (APVMA, 2008). 
  In Australia ecotoxicological evidence for the effects of atrazine on native species are 
scarce, and its effects to Australian species such the Murray River rainbowfish is largely 
unknown. Australian native species are unique and it is a priority to assess the effects of atrazine 
on native fish. This study evaluated the effects of atrazine on adult male and female Murray 
River Rainbowfish using the activity of the enzyme ethoxyresorufin-O-deethylase (EROD) in 
fish liver as a biomarker of exposure as well as possible adverse effects on the reproductive 
fitness of the species using plasma vitellogenin concentrations and gonad histopathology.  
 
91 
 
5.2. Materials and methods 
5.2.1. Animal maintenance   
One-year-old sexually mature male and female Adult Murray River rainbowfish (M. fluviatilis) 
(average body weight 1.5 g) were obtained from a commercial fish wholesaler (Aquarium 
Industries-Epping, VIC, Australia). Fish were maintained in a flowthrough system under 
constant conditions in 50 L holding tanks containing carbon filtered aerated water at 25 ± 1° C 
and pH 7.4. A 16:8 h light: dark photoperiod was maintained with cool white fluorescent lights 
with a 60 min dawn and dusk transition period.  Fish were fed frozen brine shrimp (Hikari Bio-
Pure) once daily at 4% (w/w) body weight. During the exposure period, water quality 
parameters including pH, dissolved oxygen, conductivity, and temperature were monitored 
every 24 h. 
 
5.2.2. Experimental design 
Separated male and female experimental tanks, in duplicate, containing 5 fish from each sex 
were set-up with 1.3, 13 or 130 μg/L of atrazine (Sigma-Aldrich) and a solvent control (ethanol, 
0.001% (v/v)) were exposed for 14 days.   These concentrations were selected based on the 
literature (Flynn and Spellman, 2009). Water changes were performed daily with 70% of water 
renewal. 
During the 14-day exposure period, fish were fed a commercial granular food (Tetracolor, 
Germany) at a daily rate of 0.1% body weight.  
5.2.3. Sample collection 
At the end of the 14-day experiment fish were euthanized with a lethal dose of AQUI-S10 (New 
Zealand, Ltd). Fork length and body weight were recorded for each fish and condition factors 
were calculated using the  Fulton’s condition factor equation:  CF = body weight (g)/[total 
length (cm)]3× 100 (Froese, 2006). Liver and gonad weights were recorded and both the 
gonadosomatic index [GSI = (gonad weight/body weight) × 100] and Hepatosomatic indexes 
[HSI = (liver weight/body weight) × 100] determined. 
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Blood was collected via severance of the caudal peduncle using heparinised capillary tubes. 
Blood was transferred to 1.5-ml Eppendorf tubes before being centrifuged for 10 min at 
15,000g at 4°C. Plasma was collected to a new tube and aliquots were frozen at - 80° C.  
Livers were rinsed with ice cold 0.15 M KCl to eliminate blood traces and snap frozen till 
further analysis. 
The gonads were fixed in 10% neutral buffered formalin for 48 h for histological examination.  
5.2. 4. Vitellogenin determination- ELISA 
Vitellogenin analysis was performed following a modified protocol previously published by 
Woods and Kumar (2011).  Plasma samples were thawed on ice and diluted 10 000 times in 
cold phosphate-buffered saline (PBS; 0.01 M, pH 7.4) and 100 μL used to coat a white medium 
binding 96-well plate (Greiner). Each plate contained a standard curve (female plasma) with 
increasing amount of plasma protein (12.5-200 ng/well), a positive control (male exposed to 
EE2) a negative control (control male) as well as a blank containing PBS, all in triplicate. Plates 
were sealed and incubated overnight at 4 °C. After incubation, the plate was washed three times 
with wash buffer (PBS with 0.05% [v/v] Tween-20) before adding 200 μL of the blocking 
buffer (BB; 1% [w/v] bovine serum albumin in PBS), and then incubated at room temperature 
for 60 min. The primary antibody (anti sea bream VTG-PO-2) was diluted 1: 3000 ice cold 
PBS and the plates were emptied. Then 100 μL of the diluted primary antibody was added to 
each well and the plate was incubated overnight at 4 °C. Each well was washed three times 
with wash buffer and 100 μL of the secondary antibody (1: 4000 in BB; Anti-Rabbit IgG; HRP 
conjugate) was added and incubated at room temperature for 2 h.  After this, wells were washed 
five times with washing buffer and 100 μL of the diluted (10 x; PBS) detection substrate 
(SuperSignal West Femto Maximum Sensitivity substrate; Thermo Fisher Scientific) was 
added and luminescence was read on a POLARstar multi-mode microplate reader (BMG 
Labtech) within 1 min after the addition.)  
5.2.5. Histological analysis of the gonads 
Whole gonads fixed in 10% neutral buffer formalin were dehydrated in a graded series of 
ethanol and xylene, paraffinized in a tissue processor and further embedded in Paraplast® 
(Leica Biosystems) on a paraffin-embedding centre (Leica). Tissue sections 4 μm thick were 
cut on a rotary microtome.  The sections were hydrated in a graded series of alcohols, stained 
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with Harris’s haematoxylin and eosin phloxine (HD Scientific). The stained sections were 
photographed on a Leica EC4 (Leica Microsystems GmbH). All images were analysed with a 
trial version of Image-Pro premier 9.1.  
5.2.5.1 Gonad histopathology  
For gonadal histology 2 males from each tank in a total of 4 per treatment were used.  In male 
testes, for each histological section three different areas of 1 mm2 were scored for sexual status 
using a 10×10 (0.1 mm) grid. In this analysis, the proportion of the section occupied by 
spermatogonia (including both spermatogonia a and b), spermatocytes, spermatids and 
spermatozoa was calculated.  
Quantification of female gonads of the exposed fish was compared to the control. The number 
of oocytes was counted in an area of 100 μm2 according to its type based on the classification 
of Leino et al. (2005) and a total of 4 squares were measured. All slides were measured 
randomly without noting the treatment to which they belonged. 
5.2.6. EROD activity 
All procedures were performed at 4° C. Pre-weighted liver samples were homogenised in an 
ice-cold 10%  w/v 0.1 M phosphate buffer pH 7.4 containing 1 mM DTT, 1 mM EDTA and 
0.1M KCl (Pollino et al., 2009). Homogenization was achieved with 2 passes at set 6 in an 
Ultraturax homogenizer (max 30 sec). Homogenates containing the S9 fraction were obtained 
by centrifugation for 20 min, 9000 g at 4° C. 
The catalytic activity of the hepatic enzyme CYP4501A (CYP1A) was determined by 
ethoxyresorufin-o-deethylase activity through the conversion of 7-ethoxyresorufin in the 
supernatant according to (Burke and Mayer, 1974) as modified by (Pollino and Holdway, 
2002a).  Resorufin standards, samples and blanks were prepared in triplicate. 
Standards were prepared in NaOH and diluted in 0.1 M Tris Buffer pH 7.6 ranging from 0 to 
1 nmol/mL.  Microsomes (50 μl) were incubated in an incubation mixture that consisted of an 
NADPH regenerating system (10 mM MgCl2, 200 mM KCl, 6 mM glucose-6-phosphate, 1.25 
mM NADP and 100 units of G-6-P dehydrogenase in 0.5 ml Tris buffer (0.1M pH 7.6), 100 
μL of 1.2 mg/mL albumin. Tubes were incubated for 2 min at 30° C and A volume of 100 μL 
of 0.01 mM of ethoxyresorufin substrate was added to start the reaction and maintained at 30°C 
94 
 
for 10 min. The reaction was stopped with the addition of methanol. Samples were vortexed 
and centrifuged at 2000 g for 5 min and supernatants were loaded into a microplate and read in 
a fluorometer at excitation wavelength 530 nm and emission wavelength 585 nm (POLARstar 
Omega, BMG Labtech).  
Sample concentrations of resorufin were calculated from linear regression of calibration 
standards after blank correction. EROD enzyme activities were normalized to protein content 
determined by the Bradford method using the sigma microassay protocol and using bovine 
serum albumin as a standard. Results are expressed as the rate of resorufin production (pmole 
min-1 protein). 
5.2.7. Chemical analysis 
Atrazine concentrations in water samples were collected from exposure tanks before 70% 
renewal on days 1 and 14 of the exposure period and measured with a commercial kit according 
to the manufacturer’s instructions (Abnova, KA1414). Sample pH was measured and adjusted 
to 7 before measurement. Nominal concentrations were calculated using a log10 atrazine 
standard concentration versus the % of inhibition curve.  
 
5.2.8. Statistics 
 In the present study two replicate tanks containing 5 fish in each were used for analysis except 
for histological analysis were 2 fish were used for each treatment. There were no significant 
differences in the tested endpoint between fish across different within the same treatment which 
confirmed the absence of tank effects. Hence, the number of replicates used for statistical 
analysis was 4 for histology and 10 for the rest of analysis. Data were analyzed using the 
software Sigmaplot version 12. All variables were checked for normality and homogeneity by 
using the Kolmogorov-Smirnov and the Levene’s tests, respectively.  Data were submitted to 
one-way analysis of variance (ANOVA) and all pairwise comparisons made by the Holm-Sidak 
method.    When the parametric assumption of ANOVA failed, data were submitted to Kruskal-
Wallis One Way Analysis of Variance on Ranks and all Pairwise Multiple Comparison 
Procedures by the Dunn's Method. 
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5.3. Results and discussion 
5.3.1. Water parameters and chemistry 
During the exposure, the water temperature was maintained at 23± 0.1oC. The water quality 
parameters in all exposure tanks did not significantly differ from those in the control tanks. The 
pH of the water across treatments varied within the neutral range of 7.1-7.4. The dissolved 
oxygen levels in the water were above 80% in all tanks and conductivity ranged from 1180-
1285 μS/cm. 
There were no traces of atrazine in the control treatments. Mean measured concentrations of 
atrazine were within 90% of the nominal concentrations (Supplementary material Table 1). 
5.3.2. Exposures 
Both male and female M. fluviatilis condition factor was similar in all the treatments at the end 
of 14 days of exposure to atrazine, ranging from CF=1.47-1.71 in male and 1.57-1.60 in female 
fish. 
Results showed that the hepatosomatic index (HSI) of male M. fluviatilis was significantly 
increased at 130 μg/L (Figure 1,A) while in female fish it was not significantly different to that 
of controls (Figure 1B). The gonadosomatic index (GSI) of males was significantly reduced at 
the highest concentration of atrazine tested, i.e. 130 μg/L (Figure 2A), whereas in females it 
was significantly increased at the highest tested concentration (Figure 2B).  
Figure 1. Hepatosomatic index (HSI) of the exposed fish to atrazine: (A) male Melanotaenia. 
fluviatilis, (B) female Melanotaenia fluviatilis. Values are shown as the mean HSI levels at the 
end of the exposure (14 days). Error bars represent the standards error of the mean, (mean± 
SE), n=10. Asterisks denote significant difference (p<0.05) from controls. 
96 
 
 
Figure 2. Gonadosomatic index (GSI) of fish exposed to atrazine: (A) male Melanotaenia 
fluviatilis, (B) female Melanotaenia fluviatilis. Values are shown as the mean GSI levels at the 
end of the exposure (14 days). Error bars represent the standards error of the mean, (mean± 
SE), n=10. Asterisks denote significant difference relative to the controls (p<0.05)  
In male fish   Ethoxyresorufin-o-deethylase (EROD) activity was significantly increased at 1.3 
μg/L and significantly reduced at the two highest concentrations tested, p<0.05) (Figure 3); 
while in female fish EROD was significantly increased when compared to the control fish at 
the highest concentration of atrazine tested, 130 μg/L (Figure 3B). 
 
Figure 3. EROD activity in liver of fish exposed to atrazine for 14 days: (A) male 
Melanotaenia fluviatilis, (B) female Melanotaenia fluviatilis. Error bars represent the standards 
error of the mean (mean± SE), n=10. Asterisks denote significant difference relative to the 
controls (p<0.05).  
The circulating levels of plasma vitellogenin were not induced in males following the exposure 
to atrazine; similarly, no effects on the vitellogenin levels were seen in female fish (Figure 4). 
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Figure 4. Vitellogenin fold change of the atrazine-exposed fish: female Melanotaenia 
fluviatilis. Error bars represent the standards error of the mean (mean± SE), n = 10.  
Through the evaluation of different cell types in ovaries a clear increase of perinuclear oocytes 
was observed (average per 100 μm2 (Figure 5). The number of perinuclear oocytes on average 
per 100 μm2 of gonadal tissue in female fish exposed to 130 μg/L atrazine almost the doubled 
around 100 compared to an average of 50 in the other concentrations and controls. 
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Figure 5. Sections of Melanotaenia fluviatilis gonads: A-control female, B-exposed to 1.3 
μg/L, C-exposed to 13 μg/L and D- exposed to 130 μg/L (bar- 1 mm).  
 
In testicular tissue of adult male M. fluviatilis, exposed to 130 μg/L atrazine, an increase in 
fibrosis was observed with a reduction in the of number of spermatozoa and an increase in the 
number of spermatogonia, on average per 100 μm2 (Figure 6). 
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Figure 6. Increased fibrosis and reduction of number of spermatozoa in testis of Melanotaenia 
fluviatilis; control (A-B) and exposed to 130 μg/L (C-E)  
 
5.4. Discussion and conclusion 
This study demonstrated that exposure to atrazine at 130 μg/ L significantly reduced the GSI 
(%) in male M. fluviatilis whereas it significantly increased GSI in females. GSI is the ratio of 
gonad weight to body weight and it is used to estimate reproductive condition. Reproduction 
is the most critical stage in the life cycle of a species and determines its survival. GSI is 
generally indicative of reproductive success (EPA, 2005).  In this study the observed effects 
occurred at higher concentrations than in studies with other fish species where no significant 
effects were observed in the GSI. In adult goldfish (Carassius auratus) exposed to 100 μg/L 
over a period of 21 days (Spanò et al., 2004) and in  fathead minnow (Pimephales promelas) 
exposed up to 50 μg/L of atrazine for 30 days (Tillitt et al., 2010) no effects were observed in 
the GSI.  
In our study, vitellogenin was not detected in male fish and was not altered in female fish. Our 
results appear in concordance to previous studies where no induction of vitellogenin was 
observed in male fish and consistent with the fact that atrazine does not directly interface with 
classic estrogen signaling (Roberge et al., 2004; Spanò et al., 2004). Despite this, the clear 
increase in perinuclear oocytes in fish females exposed to 130 μg/L of atrazine and the 
increased fibrosis and reduction of number of spermatozoa in males may indicate that atrazine 
induces gonadal malformations. The follicular atresia and variability in the relative proportions 
of oocyte stages in the atrazine-exposed females could reflect a disruption in the normal 
(A (B (C (D (E
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processes of final maturation of oocytes as observed previously by Bringolf et al. (2004) and 
Tillitt et al. (2010). 
The effects observed could be due to the direct action of atrazine on the hypothalamic-
pituitary–gonad (HPG) axis in the female, as previously demonstrated with mammalian models 
with atrazine disruption of ovarian function (Cooper et al., 2000). The final maturation of fish 
oocytes is partially controlled in part by maturation-inducing steroids (MIS) which are 
stimulated by LH and act through a membrane progestin receptor alpha (mPRα) (Thomas et 
al., 2002). The mPRα activates nongenomic pathways and stimulates rapid physiological 
changes required for final maturation steps in oocyte development that occur prior to ovulation 
(Thomas and Dong, 2006; Thomas et al., 2002). Atrazine is effective at interfering with MIS 
binding to mPR and disrupting subsequent physiological responses in fish gonad development.  
It has been demonstrated that atrazine is capable of blocking the action of the progestin 17, 
20,21-trihydroxy-4-pregnen-3-one to up-regulate sperm motility in Atlantic croaker 
(Micropogonias undulates) (Thomas and Doughty, 2004). In the same model species, atrazine 
blocked final maturation of oocytes in vitro through this same membrane progestin receptor 
(Thomas and Sweatman, 2008).The mPRα controls rapid, non-genomic responses in both 
female (oocyte maturation) and male (sperm hyperactivity) in fishes (Thomas et al., 2002). It 
is  likely that it was the inhibition of this mechanism that interfered with final gonad maturation 
in M. fluviatilis in our study, since  this mechanism was shown to be inhibited in the Atlantic 
croaker at similar environmental realistic concentrations (Thomas and Doughty, 2004). 
Moreover, an increase in the proportion of oocytes undergoing atresia has been previously 
associated with atrazine exposure in goldfish (Spanò et al., 2004). Atretic oocytes can be found 
in both unstressed and stressed fish but are more prevalent in stressed fish and may indicate 
that the fish missed an opportunity to spawn (Tillitt et al., 2010). 
The abnormalities observed in male M. fluviatilis in 2 out of 4 males analysed  (50%) have not 
been previously described. Tillitt et al. (2010) observed 1 out of 48 intersex males after atrazine 
exposure to 5 μg/L after 21 days. Spanò et al. (2004) also reported an increase in spaces in the 
interstitium of the testis in goldfish after atrazine exposure indicating tissue damage.  Another 
possible mechanism is the inhibition of 5α-reductase by the atrazine metabolite, deethyl-
atrazine. This metabolite has been shown to inhibit 5α-reductase as observed previously in rat 
studies, consequently decreasing the conversion of testosterone to the potent androgen 5α-
dihydrotestosterone (Babić-Gojmerac et al., 1989; Hayes et al., 2011) A result of this inhibition 
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of 5α-reductase by atrazine would be to increase the pool of testosterone available for 
conversion to estrogen (Hayes et al., 2011; Ishikawa et al., 2006). 
A significant increase in the HSI was observed in female M. fluviatilis exposed to 130 μg/L 
whereas no effects were observed in male fish. In females, the increase in HSI was correlated 
with a significant increase in EROD activity at the highest concentration tested. This indicates 
that the liver in females has been affected by exposure to atrazine. EROD is an enzyme in the 
Phase I xenobiotic degradation pathway in the liver (Whyte et al., 2000) and an increase in 
EROD activity with a corresponding increase in the liver size of females indicates that they 
might  actively metabolise the chemical. 
  Changes in EROD activity in both male and female suggest that atrazine at atrazine 
concentrations of 130 ug/L or less have impacts in the hepatic metabolism either by inactivation 
of EROD in males or by significantly increasing its activity in females. 
Changes in EROD were previously reported in a juvenile Neotropical fish species at 
concentrations as low as 2 and 10 μg/L after a 48 h exposure (Santos and Martinez, 2012). It 
was observed in several species of fish that the activity of the phase I biotransformation 
enzyme, CYP1A (measured through EROD activity), may change in the presence of pesticides 
and other pollutants in the aquatic environment (Figueiredo-Fernandes et al., 2006; Santos and 
Martinez, 2012; Van der Oost et al., 1991). Similarly, our results suggest that in male fish, the 
reduction of the EROD activity might be due to a decrease in the amount of this enzyme in the 
liver as previously described (Salaberria et al., 2009; Santos and Martinez, 2012). In females 
however, its increased metabolism, in line with a significant increase in the HSI reveals a 
gender-specific action of atrazine. According to (Wiegand et al., 2001) the structure of atrazine 
would allow the direct conjugation to GSH, without activation by phase I enzymes such as 
CYP1A. However, in the case of females it is clear that the phase I enzymes were activated. 
In this study we demonstrated atrazine affected both EROD activity and gonad histopathology, 
however more endocrine disruptive endpoints, other than vitellogenin are needed to confirm 
atrazine as an endocrine disrupting chemical for this species.  Moreover, they should include 
more atrazine concentrations to reduce concentration spacing.  
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Supplementary material Table 1 
Table S1. Nominal and measured concentrations of atrazine. Average± SE 
Atrazine 
(μg/L) 0 h 24 h 14 days 
130.00 132.00±6.00 124.00±5.00 131.75±5.25 
13.00 11.52±0.48 11.09±0.49 11.90±0.40 
1.30 1.10±0.02 1.04±0.04 1.12±0.10 
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Abstract 
Many studies that have assessed the effects of endocrine disrupting chemicals (EDCs) on fish 
have focused on individual chemicals, however, typically contaminants occur in complex 
mixtures. The aim of this study was to evaluate the effects of atrazine, estrone, propylparaben 
and pyrimethanil individually and as mixtures at environmentally relevant concentrations to 
the native Australian Murray River rainbowfish (Melanotaenia fluviatilis) using 
histopathology and vitellogenin induction as biomarkers. Vitellogenin was only significantly 
induced in male fish exposed to estrone. Exposures to atrazine and a mixture of estrone and 
personal care products produced alterations in gonad morphology similar to those caused by 
the positive control-17α-ethinylestradiol (EE2) and estrone. Liver fibrosis was common in fish 
exposed to estrone and EE2 and pyrimethanil whereas an extensive vacuolization was the main 
pattern seen in the livers of fish exposed to all the tested mixtures. These results indicate a 
potential impact on the reproductive health of this species despite no observed changes in the 
vitellogenin levels.  
The concentrations of estrone and atrazine may pose a moderate risk to fish in in Australian 
rivers that receive treated wastewater effluents or runoff from intensive agricultural activities, 
including livestock.   
Keywords 
Fish; endocrine disruptors; mixtures; histopathology, vitellogenin  
 
6.1. Introduction 
 
Over the last 10 years, knowledge about the exposure to Endocrine Disrupting Chemicals 
(EDCs) and their potential effects have greatly increased (WHO, 2012). There is now more 
knowledge about the diversity of chemicals being implicated as EDCs, their environmental 
levels as well as their exposure routes and potential effects on organisms such as fish 
(Diamanti-Kandarakis et al., 2009; Gore et al., 2014). However, most studies on the effects of 
EDCs have focused on very high concentrations of individual chemicals when in natural 
aquatic systems relatively low concentrations of such chemicals and chemical cocktails are 
more likely to occur (Barber et al., 2011; García-Reyero et al., 2001; Vandenberg et al., 2012). 
It has been documented that mixtures of EDCs can cause synergistic effects even if the 
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individual components of the mixture are present at levels below their no observed effect level 
(Kortenkamp, 2008; Kortenkamp et al., 2007; Orton et al., 2014).  
Wastewater treatment plants (WWTPs) are the main sources of EDC and mixtures into the 
aquatic environment and consequently most research on EDCs has focused on waters receiving 
those inputs (Ebele et al., 2017; Harding et al., 2016; Lee et al., 2004; Marti and Batista, 2014; 
Valencia et al., 2017). Despite this, other sources can also contribute for the input of these 
compounds into the aquatic environment such as agricultural run-offs and industrial effluents 
(Brockmeier et al., 2014; Jones et al., 2014b). 
In recent years in Australia, both the measurement of hormonal activity and the chemical 
measurements of analytes and trace organic contaminants in waters potentially impacted by 
WTTPs inputs, urban discharges, agricultural and industrial effluents have extensively 
increased, contributing to the knowledge of the environmental concentrations of these 
compounds (Boehler et al., 2017; Scott et al., 2014b). Despite this, knowledge regarding the 
potential effects of these mixtures remains limited.  
Biomarkers can be broadly defined as a change in physiological and biochemical responses at 
different levels of hierarchy whose responses may provide early warning indicators of both 
general and specific toxicological responses (Haluzova et al., 2011; van der Oost et al., 2003). 
Vitellogenin (Vtg) is a biomarker that has been widely used in both field and laboratory studies 
due to its relatively easy detection and female specificity (Bjerregaard et al., 2008; Carballo et 
al., 2005; Weber et al., 2017). This gene is also present in juvenile and male fish, but normally 
it is silent or expressed at low levels. However, its expression can be activated by exogenous 
estrogens and chemicals that mimic natural estrogens known as xenoestrogens (Genovese et 
al., 2014).  
Biomarkers of exposure with high specificity  like Vtg need to be credibly linked to adverse 
effects at higher levels of biological organization to be meaningful for risk assessment and 
regulatory purposes (Browne et al., 2017). Histopathology represents a biomarker that is 
positioned between molecular and individual levels (Bernet et al., 1999; Teh et al., 1997) 
providing a more integrated response than pathway-specific biomarkers like Vtg (van der Oost 
et al., 2003). Histopathological changes in gonads and liver are often an additional tool for the 
evaluation of endocrine disruptive effects on fish species (Feist et al., 2015; Hinfray et al., 
2010; Van der Ven et al., 2003) since EDCs can have an effect on the cell, tissue or organ 
organization, and morphology. The Australian Murray River rainbowfish (Melanotaenia 
fluviatilis) has been developed as a bioindicator for Australian waterways as well as for 
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laboratory studies for EDCs (Bhatia et al., 2014a; Pollino et al., 2007a).  EDCs such as 
bisphenol A, estrone and atrazine have been commonly detected in Australian rivers despite 
their impact on native species such the Murray River rainbowfish is unknown.  
The specific objective of the study was to determine the potential effects of the exposure to 
single and mixtures of compounds at environmentally relevant concentrations based on current 
Australian literature to the native Australian fish (M. fluviatilis) using Vtg and 
histopathological changes.  
 
6.2. Materials and methods 
 
6.2.1. Animal maintenance   
One-year-old male adult Murray River rainbowfish (average weight 1.5 g) were obtained from 
a commercial fish wholesaler (Aquarium Industries-Epping, Vic., Australia). Fish were 
maintained in a flow-through system under constant conditions in 50 L holding tanks 
containing carbon filtered aerated water at 25±1°C and pH 7.4. A 16:8 h light: dark photoperiod 
was maintained with cool white fluorescent lights with a 60 min dawn and dusk transition 
period.  Fish were fed frozen brine shrimp (Hikari Bio-Pure) once daily at 4% (w/w) body 
weight. All experiments were in accordance with the RMIT animal ethics guidelines (RMIT 
animal ethics approval number 1125). 
6.2.2. Chemicals 
All chemicals were obtained from Sigma–Aldrich (NSW, Australia). Chemicals with a purity 
≥99% included atrazine, bisphenol A, caffeine, estrone, linuron, N, N-diethyl-meta-toluamide 
(DEET), paracetamol, 2-phenylphenol, propylparaben, and pyrimethanil. Carbamazepine and 
EE2 had purities ≥98%, and tris (2-carboxyethyl) phosphine (TCEP), 4-t-octylphenol and 
triclosan purities were ≥97%. All solvents used were analytical reagent grade or higher. 
Solvents used for liquid chromatography were high-performance liquid chromatography 
(HPLC) grade. 
6.2.3. Experimental design-chemical exposure to single compounds and mixtures 
The experimental design comprised the exposure of adult male fish to single compounds and 
mixtures of chemicals (Table 1). All tested chemicals were selected based on their frequency 
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of detection in recent monitoring activities around Australia, and thus are considered as of 
concern in the Australian environment (Scott et al., 2014b). 
Individual compounds were tested at a concentration that ranged from 2 to 115-times greater 
than the highest environmental concentration reported previously in Australia to incorporate a 
margin of safety, since in risk assessment 10 X of the maximum environmental concentration 
is usually included to evaluate effects in case of a spill.  Concentrations in mixture exposures 
were typically between the 95th percentile and the maximum environmental concentrations 
reported (Scott et al., 2014b). 
Three of the four mixtures were composed of chemical classes representing a specific type of 
effluent, these being: 
x  pharmaceuticals and personal care products to mimic rivers receiving domestic 
wastewater,  
x industrial compounds to mimic rivers receiving industrial wastewater, 
x pesticides to mimic rivers impacted by agricultural run-off, and  
x a combination of these three mixtures, to mimic a complex urban stream. 
All stock solutions were made once in ethanol, aliquoted and stored in dark glass vials at -
20°C. The final ethanol concentration in all the exposure tanks did not exceed 0.001%.  
6.2.4. Fish exposure  
Adult male Murray River rainbowfish were exposed to the treatments using a semi-static 
system for 21 days with a 48 h 50% water renewal (Table 1). Two glass tanks each containing 
20 L of water and 10 fish were used for each treatment. Fish were exposed to one concentration 
of a single compound: EE2 (positive control), estrone, atrazine, propylparaben, pyrimethanil 
and to mixtures of 1. Mixture 1- Estrone +PCPs; 2. Mixture 2- Industrial compounds; Mixture 
3- Pesticides and Mixture 4- Mixture of all (Table 1). 
A solvent control (ethanol, 0.001% (v/v) and a control female treatment were also set up. Fifty 
Percent (50%) of the water in the aquaria was renewed and fresh solutions were spiked every 
other day. Fish were fed brine shrimp from frozen stocks (Hikari Bio-Pure) once daily at 4% 
(w/w) body weight. Experiments were conducted under controlled conditions (25±1°C, pH 
7.4). During the exposure period, water quality parameters including pH, dissolved oxygen, 
conductivity, ammonia, nitrite and nitrate levels and temperature were monitored every 48 h. 
10
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6.2.5. Sample collection 
After 21 days of exposure, fish were anesthetized in 80 mg/L of AQUI-S® (New Zealand, Ltd). 
Fork length and body weight were recorded for each fish and condition factor (K) was 
calculated using Fulton’s condition factor equation:  K = body weight (g)/ [total length (cm)]3× 
100 (Froese, 2006). Blood was then collected via severance of the caudal peduncle using 
heparinized capillary tubes. Blood was transferred to 1.5-ml Eppendorf tubes before being 
centrifuged for 10 min at 15,000g at 4°C. Plasma was collected in a new tube and aliquots were 
frozen at 80°C for further analysis. 
Liver and gonads from three fish from each treatment were fixed in 10% neutral buffered 
formalin for 48 h for further histological examination.  
6.2.6. Vitellogenin determination 
Vitellogenin analysis was performed following a modified protocol previously published by 
Woods and Kumar (2011). Briefly, samples were diluted 10,000 times in cold phosphate-
buffered saline (PBS; 0.01 M, pH 7.4) and 100 μL of the sample used to coat a white medium 
binding 96-well plate (Greiner). Each plate contained a standard curve with increasing amount 
of female plasma protein (12.5-200 ng/well), a positive control (male exposed to EE2), a 
negative control (unexposed male) as well as a blank containing PBS, all in triplicate. Plates 
were sealed and incubated overnight at 4 °C. After incubation, plates were washed three times 
with wash buffer [PBS with 0.05% (v/v) Tween-20] and 200 μL of the blocking buffer (BB; 
1% [w/v] bovine serum albumin in PBS) was added and further incubated at room temperature 
for 1 hour. Then, 100 μL of the diluted primary antibody (Anti sea-bream VTG-PO-2, 1:10000) 
was added to each well followed by an incubation overnight at 4 °C. Wells were again washed 
three times with wash buffer and 100 μL of the secondary antibody (Anti-Rabbit IgG; HRP 
conjugate, 1: 4000 in BB) was added and incubated at room temperature for 2 h.  Subsequently, 
wells were washed five times and 100 μL of the diluted (10x; PBS) detection substrate 
(SuperSignal West Femto Maximum Sensitivity substrate; Thermo Fisher Scientific) was 
added. Luminescence (Lux) was read on a POLARstar multi-mode microplate reader (BMG 
Labtech) within 1 min after the addition.  
6.2.7. Histological analysis 
Liver and gonads of 3 fish from each treatment were examined for histological analysis. Each 
organ was fixed in 10% neutral buffer formalin and dehydrated in a graded series of ethanol 
and xylene, paraffinized in a tissue processor and further embedded in Paraplast® (Leica 
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Biosystems) on a paraffin-embedding center (Leica). Tissue sections of 4 μm thick were cut 
on a rotary microtome.  The sections were hydrated in a graded series of alcohols, stained with 
Harris’s hematoxylin and eosin phloxine (HD Scientific). The stained sections were 
photographed on a Leica EC4 (Leica Microsystems GmbH). All images were analyzed with a 
trial version of the software Image-Pro Premier 9.1. 
6.2.8. Liver histopathology  
Photomicrographs of livers from the exposed fish were compared to those from control fish.  
A total of ten sections were used for each liver and the whole section was used for 
microphotographs and analysis. A standard semi-quantitative histological assessment 
according to Bernet et al. (1999) and Corbett et al. (2015) was done on each liver section. The 
methodology is based on two factors: (1) the extension of a pathological change is rated with 
a `score value'; and (2) the pathological importance of the alteration is defined as an 
`importance factor'. The details of this assessment are presented in supplementary Table S1.  
Histological alterations in liver were categorized into 1 of 5 reaction patterns (rp). Each reaction 
pattern includes several types of alterations in according to their severity. 
Histological alterations were then assigned a predetermined importance factor (IF) between 1 
and 3 to signify pathological importance to the fish, i.e. how it affects organs and the ability of 
the fish to survive (Bernet et al., 1999). The three importance factors are as follows: (1) 
Minimal pathological importance, the lesion is easily reversible as exposure to irritant ends; 
(2) Moderate pathological importance, the lesion is reversible in most cases when the stressor 
is neutralized, and (3) Marked pathological importance, the lesion is generally irreversible, 
leading to partial or total loss or organ function. 
In addition, each alteration was assigned to a score value (a) from zero to 6 depending on the 
extent of the alteration based on the percent of the affected area in the tissue. The alterations 
are thus assessed as (0) unchanged; (1, 2) mild occurrence or a focal alteration; (3, 4) moderate 
occurrence or present in 50% of the tissue assessed and (5, 6) severe occurrence an alteration 
present throughout the tissue as described in Table S1.  
The organ index (I org) represents the degree of damage to an organ. It is the sum of the 
multiplied importance factors and score values of all changes found within the examined organ 
and was calculated as follows: ∑ (a org rp alt x W org rp alt )  
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where: I org is the organ index aorgalt is the score value and worgalt is the importance factor 
within a single organ of an individual fish (Bernet et al., 1999).  
A high index indicates a high degree of damage. Calculating the organ index allows a 
comparison between the degree of damage of the same organ in different individuals (Bernet 
et al., 1999). 
The organ index results were separated into four classes according to the protocol of (van Dyk 
et al., 2009; Zimmerli et al., 2007) as follows: Class 1 (index <10) tissue with slight histological 
alterations; Class 2 (index 10-25)- tissue with moderate histological alterations; Class 3 (index 
26-35)- pronounced alterations of the organ and Class 4 (index> 35)- severe alterations of the 
organ tissue. 
6.2.9. Gonad histopathology  
The histological evaluation of the testes used a gonadal cell types count (Leino et al., 2005). In 
the testis of M. fluviatilis, four types of germ cells can be identified: Spermatogonia (SG), 
spermatocytes (SC), spermatids (SD) and spermatozoa (SZ). Spermatogonia had a small and 
prominent nucleus; spermatocytes had moderate amounts of cytoplasm with dense nuclei; the 
spermatids had dense cells and a narrow rim of cytoplasm and the spermatozoa had a highly 
dense cytoplasm.  Spermatogonia were found in groups near the periphery of the testes, 
whereas the spermatocytes and spermatids were arranged in cysts, and the spermatozoa were 
scattered in the tubular lumen. 
A total of 10 squares of 20 μm x 20 μm in the gonadal lumen were counted for gonadal cell 
types including spermatogonia (SG), spermatocytes (SC), spermatids (SD) and spermatozoa 
(SZ). An average of the squares was taken, and the proportion was compared to the control 
gonad.   
6.2.10. Chemical analysis 
Concentrations of chemicals in test waters were measured just after preparation (time 0) and at 
the end of the experiment (21 days). From each tank, 1 L of test water was collected in amber 
color glass. Samples were then subjected to Solid Phase Extraction (SPE) according to 
previously published methods (Scott et al., 2014b) prior to chemical analysis, prior to chemical 
analysis, with minor modifications: in brief, 1 L grab samples were passed through 
preconditioned SPE cartridges (Waters Oasis HLB, 500 mg sorbent; Waters, NSW, Australia) 
at 10 mL/min. pH adjustment to prevent biodegradation was not necessary as samples were 
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processed immediately. Conditioning consisted of 10 mL acetone/hexane (1:1) followed by 10 
mL methanol and 10 mL ultrapure water. After passing the full water sample, the SPE cartridge 
was dried under vacuum at 20 mmHg Qfor 2 h. Elution was performed with 10 mL methanol 
and 10 mL acetone/hexane (1:1). The eluate was evaporated to dryness and reconstituted in 1 
mL methanol for analysis. using 1 L grab samples. pH adjustment to prevent biodegradation 
was not necessary as samples were processed immediately.  
Pyrimethanil was analysed according to Scott et al. (2014) using an Agilent 1290 high- pressure 
liquid chromatography (HPLC) attached to an Agilent 6530 Q-TOF (quadrupole time-to-flight) 
(Victoria Australia). Samples were quantified using a six standard curve generated from 100-
2,000 ng/mL and the limit of quantification (LOQ) for pyrimethanil was 100 ng/mL. 
Ethinylestradiol (EE2) was analysed by a commercially available enzyme-linked 
immunosorbent assay (ELISA) kit (Takiwa chemical Industries, Japan). The method was 
modified by Scott et al.2014 in order to improve on the GC-MS-MS quantification limit for 17 
α- ethinylestradiol of 1ng/L. The LOQ for the full method was 0.05 ng/L of EE2. 
All the remaining compounds were analysed by Liquid Chromatography-Tandem mass 
Spectrometry (LC-MS-MS) using a previously described methods (Scott et al., 2014c; 
Vanderford and Snyder, 2006). Hormones were analysed by Gas Chromatography- Tandem 
Mass Spectrometry (GC-MS-MS) as described by Trinh et al. (2011) and Scott et al. (2014c) 
 
6.2.11. Statistical analysis  
Data were analyzed using the software Sigmaplot version 12.3. All variables were checked for 
normality and homogeneity by using the Kolmogorov-Smirnov and the Levene’s tests, 
respectively.  Data were submitted to one-way analysis of variance (ANOVA) and all pairwise 
comparisons by the Holm-Sidak method. When the parametric assumption of ANOVA failed, 
data were analyzed using the Kruskal-Wallis method (ANOVA on Ranks) and all further 
pairwise Multiple Comparison Procedures were tested by the Dunn's Method. The significance 
level in all analyses was set at α=0.05 with p<0.05 considered being statistically different. 
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6.3 . Results 
 
6.3.1. Water chemistry 
Single exposures to EE2, atrazine, and pyrimethanil showed little or no loss at the end of the 
21-day period with a 0, 7 and 15% of the initial measured concentration loss respectively. 
However, the concentrations of estrone and propylparaben after 21 d decreased by 73% and 
93%, respectively, compared with the initial concentrations. In all the mixtures treatments, the 
individual concentrations of each compound were highly variable at the end of the 21 d.  
In mixture 1 that mimicked hormones + PCPs, concentrations of estrone, propylparaben and 
triclosan were 32%, 92% and 100% less respectively after 21 days compared to the initial 
nominal concentrations.  The other chemicals in this treatment (DEET, caffeine, paracetamol, 
and carbamazepine) remained close to the initial concentrations (Table 1). 
In mixture 2, 4-tert-Octylphenol and 2-phenylphenol were not detected at the end of 21 d, 
whereas there was a loss of TCEP and BPA of 16 and 69% respectively (Table 1). 
In the pesticides mixture 3, 36% of the initial concentration of pyrimethanil was lost (Table 1). 
In mixture 4, a similar pattern of loss was followed by marked loss of estrone (60%), 
propylparaben (87%) and 4-tert-Octylphenol (82%). From mixture 4, DEET, caffeine, TCEP, 
linuron, and atrazine concentrations were found to be constant over the exposure period with 
none or very little loss (Table 1). 
6.3.2. Fish morphometric indices 
No significant differences (P>0.05) were observed in the average body condition factor among 
treatments after 21 d of exposure (Supplementary Table S1). 
6.3.3. Vitellogenin 
Vitellogenin protein in the plasma of male M. fluviatilis was significantly induced when fish 
were exposed to estrone (Figure 1). No Vtg induction was detected in male control fish, or fish 
in Mixtures 2, 3 and 4. Small amounts of Vtg were detected in the plasma of fish exposed to 
atrazine, propylparaben, pyrimethanil and Mixture 1 in ascending order respectively; however, 
these levels were not significantly higher than those in control male fish. 
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Figure 1. Fold change in vitellogenin induction ± SE in M. fluviatilis male plasma after 21 
days of exposure. Letters represent statistical differences among treatments, p <0.05. 
 
6.3.4. Histopathological evaluation of the liver 
 
The liver of M. fluviatilis displayed an indistinct rod-like pattern of hepatocytes in the control 
(Figure 2A). The liver of fish exposed to single and mixtures of compounds showed several 
alterations relative to controls (Table S4). Hemorrhage, infiltrations, and vacuolization were 
the most common alterations observed. Minor necrosis and fibrosis were observed in livers of 
fish exposed to pyrimethanil and EE2 respectively (Figure 2B, C, and D). 
Extensive vacuolization was observed in all mixture treatments. Additionally, in mixtures 1 
and 2, there was both moderate hemorrhage and infiltrations in more than 15% and 13% of the 
tissue respectively (Figure 2, E, F). No alterations were observed in livers from fish exposed 
to propylparaben and atrazine. 
 
117 
 
 
 
Figure 2. A) Photomicrograph of control liver tissue of Melanotaenia fluviatilis showing an 
indistinct trabecular pattern of hepatocytes. Bar-20 μm. B, C, D) Photomicrograph of sections 
of liver tissue of Melanotaenia fluviatilis exposed to EE2, (hem) and fibrosis (fib). Bar (B) 20 
μm (C, D) -50 μm. 
E, F, G) Photomicrograph of liver tissue of Melanotaenia fluviatilis exposed to (E) 
Pyrimethanil showing leucocytes infiltration (inf), and necrosis (nec); (F) mixture 2 exposed 
showing severe vacuolization (vac); (G) Mixture 2 showing leucocytes infiltration (inf). Bar-
50 μm.  
(H, I) Photomicrograph of liver tissue of Melanotaenia fluviatilis exposed to Mixture 1 
showing sinusoid haemorrhage (hem). All photomicrographs show steatosis - extensive 
vacuolation (vac); Stained with H & E. Bar - 20 μm. 
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Organ indices were calculated to be 19 in livers of fish exposed to pyrimethanil being the 
highest organ index from all the treatments. This was followed by 16 in livers of fish exposed 
to EE2 and mixture 1 and 12 in livers of fish exposed to mixture 2. Tissues with an organ index 
higher than 10 are classified as class 2, moderate histological alteration.  The remaining 
treatments, except atrazine and propylparaben, had an organ index of 6, classified as class 1, 
slight histological alteration. 
 
6.3.5. Histological analysis of the testis 
In the testis of M. fluviatilis, the four types of germ cells could be identified constituting the 
germinal epithelium of the testis (Figure 3A, B).  
 
Figure 3. (A, B) Photomicrographs of the testes of Murray River rainbowfish (Melanotaenia 
fluviatilis) exposed to EE2. The figure shows spermatogonia (SG; black arrow), spermatocytes 
(SC; green arrow); spermatids (ST; blue arrow), and spermatozoa (SZ; red arrow). Bar: 20 μm 
 
The testes of M. fluviatilis used in this study were sexually mature and in stage II (mid-
spermatogenic) of development. After 21 d of exposure to single and mixtures of chemicals, 
no testis-ova was induced, however, abnormalities related to the germ cell development were 
observed. In fish exposed to EE2 and estrone, there was a relative increase in the number of 
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spermatogonia. (Figure 3B). Additionally, both estrogenic compounds lead to severe interstitial 
fibrosis (Figure 4A-C) particularly from estrone (Figure 4B).  
Additionally, a reduction in spermatozoa was observed in gonads of fish exposed to EE2 as 
well as in mixture 1 (Figure 4 E, F, and H) comparatively to the control gonads (Figure 4D). 
Moreover, fish exposed to atrazine shown severe interstitial fibrosis (Figure 4G).  
 
 
 
 
Figure 4. (A, B, C) Photomicrographs of the testes of Murray River rainbowfish (Melanotaenia 
fluviatilis) exposed to (A) EE2 and (B) estrone showing interstitial fibrosis (red asterisks). Also, 
denote the increased proportion of spermatogonia on gonads of male fish exposed to estrone. 
Bar-20 μm (D, E, F, G, H) Murray River rainbowfish (Melanotaenia fluviatilis) testis Control 
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(D), EE2 (E, F) showing interstitial fibrosis and reduction in spermatozoa (E) Bar= 20 μm. (F) 
increased proportion of spermatogonia. Atrazine showing severe interstitial fibrosis (G), and 
gonad of male exposed to mixture 1 showing a decrease in the relative proportion of 
spermatozoa and increase in the proportion of spermatocytes and spermatids (H). Bar-50 μm. 
 
6.3.6. Methodology comparison 
Vitellogenin induction confirmed that only EE2 and estrone are significantly estrogenic (Table 
3). Gonad alterations were observed in gonads of fish exposed to atrazine and mixtures of 
hormones and PCP despite Vtg not being significantly elevated.  Minor liver damage was 
observed in all treatments except atrazine and propylparaben.  
 
Table 6.2. Resume of the effects observed using different biomarkers for each treatment; E: 
indicates observed effects; NE: indicates no observed effect. 
Biomarker Treatment 
 EE2 Estrone Atrazine Propylparaben Pyrimethanil Mixture 
1 
Mixture 
2 
Mixture 
3 
Mixture 
4 
Liver 
damage 
E E NE NE E E E E E 
Gonad 
alterations 
E E E NE NE E NE NE NE 
Vtg 
induction 
(ELISA) 
E E NE NE NE NE NE NE NE 
E: indicates observed effects; NE= indicates no observed effect. 
 
 
6.4. Discussion 
6.4.1. Endocrine disruptive effects single and mixtures of chemicals 
 
Ethynylestradiol concentrations remained stable with no degradation after 21 d of exposure, 
whereas estrone concentrations were degraded by 73%, with concentrations dropping from 312 
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ng L-1 to 85 ng L-1 at the end of 21 days (Table 1). Similar degradation patterns were observed 
by Imai et al. (2007) in a fish exposure with 24 h, 50% semi-static renewal in which estrone 
concentrations were reduced a 50% after the first 24 h (Imai et al., 2007).  
Despite this, estrone caused estrogenic effects that lead to the Vtg induction and gonadal 
alterations, similarly to those observed in the positive control (EE2).  
Estrone concentrations in Australian inland waters have been reported up to 18.4 ng L-1  in 
Victorian waters (Allinson et al., 2010), 39.3 ng L-1  in South Australia and 54 ng L-1  in New 
South Wales (Braga et al., 2005), whereas concentrations in Europe could be as high as 130 ng 
L-1  (Vethaak et al., 2005). A predicted no-effect concentration (PNEC) of 6 ng/L has been 
proposed for river water based on estrogenic responses in 
fish (Caldwell et al., 2012).  From our results, effects were observed at higher concentrations 
than the environmental levels in Australia however, and even with a limited number of studies 
on estrone in Australia and a concentration-response curve for estrone in rainbowfish still to 
be established, it appears that from the effects observed in this study, there is a little margin of 
safety and it is expected that M. fluviatilis could be affected in its natural environment.  
Gonadal alterations similar to those observed for EE2 and estrone were also observed in fish 
exposed to atrazine despite that no Vtg was detected in male fish. The cellular organization of 
the testis of fish exposed to EE2, estrone, and atrazine showed a decrease in the number of 
spermatozoa as well as an increase in the number of spermatogonia.  Spermatogonial 
proliferation has been reported as a consequence of exposures various substances (Minucci et 
al., 1997; Miura et al., 1991). One possible explanation is that   the atrazine metabolite, deethyl-
atrazine inhibited 5α-reductase, as observed in rats, consequently decreasing the conversion of 
testosterone to the potent androgen 5α-dihydrotestosterone (Babić-Gojmerac et al., 1989; 
Hayes et al., 2011; Kniewald et al., 1995). As a result of this inhibition atrazine would be the 
increase the pool of testosterone available for conversion to estrogen affecting gonad 
maturation (Hayes et al., 2011; Ishikawa et al., 2006). 
An increase in the proportion of spermatogonia was also reported across other  species as a 
consequence of the exposure to endocrine disrupting chemicals such as in zebrafish (D. rerio) 
after exposure to 10 nM of E2 for 14–21 days (de Waal et al., 2009; Hinfray et al., 2013) and 
the rainbow trout (Oncorhynchus mykiss) exposure to 30 μg/L of estrogens like 4-nonylphenol, 
4-tert-octylphenol, 4-nonylphenoxycarboxylic acid and nonylphenol diethoxylate for 3 weeks 
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resulting in the scarcity of Type A spermatocytes and an increased prevalence of spermatogonia 
(Jobling et al., 1996). 
Another pathology observed in the gonads of the fish exposed to EE2, atrazine and estrone was 
severe fibrosis indicating an increased fibrous connective tissue (collagenous fibers) in the 
testis stroma. Pathological changes in the testes exposed to estrogenic chemicals leading to an 
increase in interstitial fibrosis and abnormal connective tissues have previously been observed 
in several fish species: male eelpout (Zoarces viviparous), carp  (Cyprinus carpio), sheepshead 
minnow (Cyprinodum variegatus) and in M. fluviatilis following exposure to natural, synthetic 
hormones and at environmentally relevant mixture concentrations (Bhatia et al., 2014b; Bouma 
et al., 2003; Gimeno et al., 1998; Karels et al., 2003; Rasmussen et al., 2005). In the case of 
atrazine, the observed effects occurred at concentrations that were approximately 1.6 times 
greater than the maximum Australian environmental levels, reported to be 209 ng/L (Schäfer 
et al., 2011; Scott et al., 2014a). 
Relatively to the other individual exposures, pyrimethanil was shown to be relatively stable 
(Table 1) over the water changes, 50% every 48 h and the chemical loss over the 21 days of 
exposure was only 15 % compared to its initial measured concentration in its single exposure, 
36% in mixture 3 and 24% in mixture 4. Pyrimethanil is one of the most commonly detected 
fungicides in Australian waters and sediments being  detected in 38% of the spot water samples 
(Wightwick et al., 2012). This compound has been listed as an endocrine disruptor (TEDX, 
2016) following supporting evidence (Orton et al., 2011).   
In this study, 103.44 μg L-1 did not induce significant changes in the Vtg levels relative to the 
control exposed fish (Figure 1) which might indicate a  no estrogenic but rather a different 
mode of action as reported by Orton et al. (2011) who suggested that pyrimethanil was anti-
androgenic based on an MDA-kb3 assay. In this study due to sample availability anti-
androgenic assays were not performed. 
Similarly, over the 21 days, Vtg was not induced after exposure to propylparaben. This is 
probably due to its low concentration at the end of the exposure as a consequence of its high 
degradation over time with the 48-h chemical renewal not being enough to counterbalance its 
degradation. At the end of the exposure, concentrations were about 644 ng L-1. These levels 
were below concentrations reported to have estrogenic effects on male fish where according to 
Bjerregaard et al. (2003),  the exposure of rainbow trout (Oncorhynchus mykiss) to 
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propylparaben increased vitellogenin synthesis at a concentration of  225 μg L-1 over a period 
of 12 days.  
From the mixture exposures, mixture 1 aimed to mimic a mixture of estrone and personal care 
products (estrone, caffeine, carbamazepine, DEET, paracetamol, propylparaben, and triclosan). 
Based on our chemical analysis, triclosan was completed lost after 21 days of semi-static 
exposures (100% loss). In the environment, triclosan is often common and widely distributed, 
being detected in sediments in several sites around Melbourne , Australia (Marshall et al., 
2016). It is then possible that in this study, triclosan might have adhered to the aquarium walls 
or even been deposited at the bottom of the tank and not available in the water sample. 
Similarly, propylparaben was almost totally lost (92%) with a final concentration of 48 ng L-1 
left and estrone was reduced to 9 ng L-1 losing a 32% relative to the concentration at the start 
of the experiment (Table 1).  
From the mixture, the compounds DEET, caffeine, paracetamol and carbamazepine showed no 
degradation at the end of the 21 days showing a high persistence over time. Another substance 
with endocrine disruptive potential in the mixture was propylparaben, however similar to its 
single exposure this substance was lost with final measured concentrations of 48 ng L-1, with 
only 8 % of its initial measured concentration remaining (Table 1). Similarly, there was no Vtg 
induction in any of the other tested mixtures despite the presence of known estrogenic 
chemicals such as bisphenol A, estrone or 4-tert-Octylphenol in mixture 2 and 4, The lack of 
vtg is likely to be due to the high degradation of BPA (69% degradation) as well as the other 
compounds in the mixture that were completely degraded at the end of the exposure. In case of 
BPA at the end of 21 days, its concentration reduced approximately 31% in the industrial 
mixture and around 24% in the mixture of all compounds (Table 4). According to (Villeneuve 
et al., 2012) in fish exposed to BPA for 96 hours, Vtg was significantly induced in both males 
and females of fathead minnows, at concentrations higher than 10 μg L-1, which is about 82.6 
times our concentration at the end of the exposure.   
 
From the mixture exposures, mixture 1 caused a decrease in the relative proportion of 
spermatozoa and an increase in the proportion of spermatocytes and spermatids, despite no 
significant effects on the vitellogenin levels.  
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It is possible then that gonadal organization would be more sensitive in detecting endocrine 
disruptive effects as compared to vitellogenin changes. Vitellogenin changes are highly 
specific for chemicals that interfere with the nuclear receptors.  
 
6.4.2. Liver histopathology and general toxicity 
The most prominent histological alterations observed in the fish exposures was abnormal livers 
where the dilatation of blood vessels and sinusoids, severe congestion in sinusoids and blood 
vessels, increased vacuolization of hepatocytes and focal areas of necrosis were frequently 
observed. These were observed in livers of all exposed fish except the controls, atrazine, and 
propylparaben. Vacuolization of hepatocytes and necrosis were observed in all the mixtures 
tested, EE2, estrone, and pyrimethanil (Figures 4 B, C, and Figure 6). A common 
morphological response of the fish liver to toxicity is a loss of hepatic glycogen and/ or lipid 
(Ferguson, 1989). However, paradoxically, and as observed in this study, toxic exposure can 
lead to the accumulation of fat or glycogen in the liver (Figure 2). Similar results have been 
recorded in several studies in fish such an in Japanese medaka (Poecilia reticulata) (Wester 
and Canton, 1987) in rainbow trout (Seinen et al., 1981) exposed to polluted waters (Feist et 
al., 2015).  Recently, similar vacuolization of the hepatocytes as seen in our study was also 
associated with estrogenic chemicals. In a study by Maradonna et al. (2015) juvenile sea bream 
on a xenobiotic-contaminated diet with nonylphenol (NP), 4-tert-octylphenol (t-OP) or 
bisphenol A (BPA), induced hepatic lipid accumulation and steatosis, confirming that 
environment xenoestrogens can eventually lead to obesity. Despite deleterious effects of 
estrogens on both metabolism and liver function have been reported in fish, the effects cannot 
be directly linked to the effects of estrogenic chemicals but as a general stress response (Król 
et al., 2014; Shved et al., 2007; Washburn et al., 1993). Perhaps, these changes persist in 
relation to exhaustion subsequent to the enhanced liver metabolism; since it is well known, that 
exposure to estrogenic compounds induces vitellogenin (Vtg) production, which enlarges the 
liver (Verslycke et al., 2002). 
Some of the necrosis observed might have been due to the severe congestion in sinusoids and 
small blood vessels as a result of exposure to the xenobiotics. This makes the blood flow from 
the hepatic portal vein and hepatic artery into the central vein rather difficult which may lead 
to cellular degeneration and necrosis in the livers (Osman, 2012). 
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From our results summarised in Table 3, Vtg showed similar results indicating that EE2 and 
estrone are significantly estrogenic.  Gonadal alterations were observed in testes of fish 
exposed not only to EE2 and estrone but also to atrazine and mixtures of hormones and PCPs 
despite that no Vtg was detected and/or elevated respectively. This shows that gonadal 
alterations might be a good additional biomarker mainly when chemicals do not classically 
bind to estrogen receptors and/or interfere with the nuclear but still are able to cause sexual 
disruption.  
 Liver damage occurred in all treatments except atrazine and propylparaben and may indicate 
a general toxicity response.   
 
6.5. Conclusion 
 
From our results estrone and atrazine may pose a moderate risk to wild fish in some Australian 
rivers, leading to reproductive disturbances in fish living in polluted sites.  
In the case of the mixtures at environmentally relevant concentrations, and despite no apparent 
endocrine disruptive effects, the accumulation of fat or glycogen in the liver indicates stress. 
From this, it is likely that estrogenic endocrine disruption as measured by gonad alterations and 
vitellogenin changes is not likely to be significant in fish in most Australian rivers monitored 
to date, but it is likely to be causing minor stress in fish living in these areas which might 
require further investigation. 
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Supplementary material 
Table S1: Quantitative description of Histological Health Index and determination of alteration 
levels (mild, moderate or severe alteration). Each alteration is categorised into a reaction 
pattern (1 - circulatory disturbances; 2 - regressive changes; 3 - Factors (1 - minimal 
pathological importance and easily reversible if exposure to toxicant ceases; 2 - moderate 
pathological importance and is reversible in most cases; 3 - marked pathological importance 
and is generally irreversible and results in loss of organ function (Bernet et al., 1999), based on 
pathological importance to the fish (IF; 1-3) were multiplied by the sum of score values (a 
severity score assigned by the examiner according the quantifications described for each 
alteration; 1-6), to calculate an organ index for the liver (adapted from Corbet et al. 2016). 
          
Score 
value           
Alteration 
level Lesions   RP IF             
        1 2 3 4 5 6 
        mild moderate  severe 
1 Circulatory 
disturbances 
Haemorrhage Blood leaking from blood vessels 
1 1 1-3 % 3-5% 6-10% 11-15% 16-20% >21% 
1        
Intercellular oedema  Tissue fluid that leaked from capillaries into tissue 1               
2 regressive 
changes 
Architectural and 
structural alterations 
Changes in structure of 
tissue and/ or cells 2 
 1-3 % 3-5% 6-10% 11-15% 16-20% >21% 
Plasma alteration             vacuolization 2 2 1-3 % 3-5% 6-10% 11-15% 26-35% >36% 
Deposits  Intracellular accumulation of substances 2 
       
Nuclear alterations 
 
2        
Atrophy 
 
2        
Necrosis  Loss of cell/tissue function  2 3 1-3 % 3-5% 6-10% 11-15% 16-20% >21% 
3 progressive 
changes 
Enlargement of organ 
and/ or tissue 
 
3        
                
4 
inflammation 
Exudate 
 
4        
Activation of RES 
 
4        
Infiltration:leucocytes 
penetratin blood cell walls   4 2 1-3 % 3-5% 6-10% 11-15% 16-20% >21% 
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a Mean percentage tissue affected per image, 10 images per section 
 
Table S2. Histological Health Index (HHI) class scoring system used for overall organ 
indices (modified from Van Dyk et al., 2009; and Zimmerli et al., 2007). 
 
Class Score Tissue description 
1 <10 Slight histological alteration 
2 10–20 Moderate histological alteration 
3 21–30 Pronounced histological alteration 
4 >30 Severe histological alteration. 
 
 
 
Table S3. Condition factor (K) of the experimental fish at the end of 21 days of exposure. Data 
presented as the mean± standard error. 
 
  K n 
control  1.4±0.07 12 
sol. control 1.4±0.03 20 
control female 1.3±0.02 20 
ethinylestradiol 
(EE2) 1.4±0.04 15 
estrone 1.3±0.03 19 
polyparaben 1.4±0.02 15 
atrazine 1.4±0.03 18 
pyrimethanil 1.4±0.03 17 
mixture 1 1.4±0.03 14 
mixture 2 1.4±0.04 17 
mixture 3  1.3±0.05 14 
mixture 4 1.4±0.02 10 
 
and infiltrationg in the 
surrounding tissue 
5 tumour 
  
5 
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Table S4. Histological observations after 21 days of exposure in the liver of M. fluviatilis. 
 
        
Compound 
Lesion 
type 
% 
Tissue 
affecte
d 
Score 
value 
W/
IF 
( aorg rp alt x 
W org rp alt) SUM Classification 
EE2 infiltration 12±3.8 4 2 8 16 
Moderate 
histological 
alteration 
EE2 fibrosis 14±2.7 4 2 8    
estrone infiltrations 9±1.0 3 2 6 6 
Slight histological 
alteration 
atrazine none NA          
pyrimethanil necrosis  18±2.4 5 3 15 19 
Moderate 
histological 
alteration 
pyrimethanil infiltrations 12±2.1 4 1 4    
propylparaben none NA          
mixture 1 
vacuolizati
on 57±9.8 6 1 6 16 
Moderate 
histological 
alteration 
mixture 1 haemorrage 12±4.0 4 1 4   
mixture 1 infiltrations 15±4.0 4 2 8    
mixture 2 infiltrations 13±1.3 3 2 6 12 
Moderate 
histological 
alteration 
mixture 2 
vacuolizati
on 60±9.5 6 1 6    
mixture 3 
vacuolizati
on 
50±10.
0 6 1 6 6 
Slight histological 
alteration 
mixture 4 
vacuolizati
on 
40±14.
0 6 1 6 6 
Slight histological 
alteration 
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Abstract 
Perfluorooctanoic acid (PFOA) has been used to manufacture several products and does not 
degrade easily in the environment. In this study, Australian native fish Murray River 
rainbowfish (Melanotaenia fluviatilis) were exposed to four different concentrations of  PFOA 
(0.01, 0.1, 1 and 10 mg L-1). Changes in the thyroid hormones T3/T4 ratio, vitellogenin, 
changes in oxidative homeostasis and lipid peroxidation were determined after 14 days of 
exposure. Activities of CAT and GST were significantly increased in the gills and significantly 
reduced in the liver. Lipid peroxidation was observed in both tissues showing that vital organs 
could not neutralize the peroxides generated by oxidative stress resulting from exposure to 
PFOA. Fish exposed to PFOA had altered T3/T4 ratios and vitellogenin was induced in the 
plasma of male fish. Disruption of the hormonal balance by exposure to PFCs in the 
environment can lead to negative effects on fish, severely compromising their fitness and 
survival resulting in and failure to adapt to changing environmental conditions, including 
climate change.   
Keywords 
perfluorooctanoic acid, Australian fish, endocrine disruption, thyroid, oxidative stress 
7.1. Introduction 
Persistent organic pollutants (POPs) are a global concern due to their persistence and easy 
transportation across the globe. Over the past several decades a new kind of POPs has been 
described: the perfluorinated compounds (PFCs). Perfluorooctane sulfate (PFOS) and 
perfluorooctanoic acid (PFOA) are two of the predominant PFCs: PFOS carries a sulfonate 
group and PFOA carries a carboxylate group.  Perfluorooctane sulfonate (PFOS) and 
Perfluorooctanoic acid (PFOA) are long chain PFCs that while not banned, have been phased 
out and replaced by newer chemicals that break down more quickly. Similarly, in Australia, 
the National Industrial Chemicals Notification and Assessment Scheme (NICNAS), has 
recommended that industry phase them out. While these have been replaced mainly by short 
chain PFCs, the present  in the environment of PFOA and PFOS is ubiquitous (Xiao, 2017). 
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 Due to their amphiphilic properties, they were used for numerous technical applications, such 
as an aid in polymerization, as industrial detergents, or in fire-fighting foams. They were also 
used as technical agents or raw materials for the production of water and grease-repellent 
materials for all areas of use (Kotthoff et al., 2015). The strong and stable carbon-fluorine 
bonds confer these substances with very high thermal and chemical stability leading them to 
be resistant to degradation by physical or chemical mechanisms when released into the 
environment;  resulting in persistent and widespread pollution (Butt et al., 2010; Giesy and 
Kannan, 2001; Zareitalabad et al., 2013). In the aquatic environment,  discharges from the 
wastewater treatment plants (WWTPs) are the main sources of PFCs (Kunacheva et al., 2012). 
As a consequence of the widespread use of PFCs and their resulting emissions, a broad range 
of these substances have been detected in the environment, wildlife, and humans (Buck et al., 
2011). 
Both compounds were commonly used across Australia and have been detected in water, 
sediments and wildlife (Taylor, 2018; Thompson et al., 2011b). In water average PFOS and 
PFOA concentrations ranged from 7.5 to 21 ng L-1 and 4.2 to 6.4 ng L-1, respectively. Both 
PFOS and PFOA have been detected in organisms such as oysters (Saccostrea commercialis), 
Sea Mullet (Mugil cephalus), Common carp (Cyprinus carpio) and Murray cod 
(Maccullochella peelii). 
PFOA is the predominant perfluorinated compound (PFC) and contrary to PFOS,  exists 
primarily as an anion, is highly mobile and highly water-soluble (Davis et al., 2007). PFOA 
levels in surface waters range from 0.011 to 67 μg L-1, and total perfluorinated surfactants 
downstream of spills can range up to 17 mg L -1 (Jin et al., 2009b; Moody et al., 2003; 
Nakayama et al., 2005; Wei et al., 2007).  
To date, research has mainly focused on the effects of exposure to PFOS to biota (Fang et al., 
2013; Jantzen et al., 2016; Shi et al., 2009). Notwithstanding this, from the few published works 
on PFOA, mostly on mammals, it is clear that the main target organ for both short-term and 
chronic effects of this PFC is the organism’s liver (Cui et al., 2008). In the liver, several effects 
of PFOA have been reported, namely its interference with fatty acid metabolism, cholesterol 
synthesis, and lipid transport (Steenland et al., 2010).  Additionally, in Japanese medaka 
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(Oryzias latipes) larvae, gene expression patterns were all down-regulated after embryonic 
exposure to PFOS, indicating that PFOS could cause an imbalance in the redox state (Fang et 
al., 2013). 
Contrary to PFOS where several studies exist, there is a paucity of research on the effects of 
PFOA on freshwater fish (Jantzen et al., 2016; Kim et al., 2010a; Wei et al., 2007). According 
to Kim et al (2010), PFOA acted as an estrogenic substance at concentrations from 500 to 
50,000 μL-1, leading to the induction of vitellogenin in male carp (Cyprinus carpio).  Moreover, 
PFOA inhibits genes responsible for thyroid hormone biosynthesis and significantly induce 
estrogen-responsive genes (Wei et al., 2008b). However, there is increasing evidence from 
various studies that the thyroid system is also vulnerable to endocrine-disrupting effects (Boas 
et al., 2006).  The thyroid in fish is unique since it does not exist as a compact organ but rather 
as aggregations of follicles in the sub-pharyngeal area and close to the ventral aorta. In some 
fishes, follicles are found around the heart, spleen, kidneys and other organs (Dolomatov et al., 
2013; McGonnell and Fowkes, 2006). Thyroid hormones, which are under neuro-endocrine 
control, are vital for fish development and metabolism (Dolomatov et al., 2013; Power et al., 
2001). Disruption of the thyroid hormones (TH) may lead to decreased fitness by shifting 
behavior or physiological pathways crucial to survival and reproduction (Brouwer et al., 1998; 
Brown et al., 2004; Power et al., 2001; Yu et al., 2013). Fish thyroid homeostasis is regulated 
by the hypothalamic-pituitary-thyroid (HPT) axis (Blanton and Specker, 2007). Many different 
groups of chemicals may interfere with thyroid hormonal homeostasis, such as hexaconazole 
and tebuconazole (Yu et al., 2013), triadimefon (Liu et al., 2011), PFOS (Shi et al., 2009), and 
microcystin-leucine-arginine (MCLR) (Yan et al., 2012). Previous studies suggested that the 
influence of a chemical on the HPT axis, including the alterations of gene transcriptions, 
hormone levels, and enzyme activities, could be applied to evaluate the effects of thyroid 
endocrine disruption (Chen et al., 2012; Yu et al., 2013).  
PFCs such as PFOA have the potential to disrupt systems in freshwater fish such as to 
lead to oxidative stress. PFOA exposure increase the concentration of oxyradicals produced 
within cells (Shi and Zhou, 2010), leading to oxidative stress in cultured Tilapia hepatocytes 
(Liu et al., 2007b). In whole organisms, PFCs increase oxidative stress responses in salmon 
(Arukwe and Mortensen, 2011; Yeh et al., 2017), zebrafish embryos (Shi and Zhou, 2010) and 
carp (Kim et al., 2010a). To date, the effects of PFOA exposure on Australian native species 
remains unexplored, leaving a gap in our understanding of how sensitive the Australian species 
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are to these novel contaminants. Oxidative stress in fish is an important consideration when 
determining a compound’s toxic capacity mainly when prolonged oxidative stress has been 
implicated in the development of fish diseases, such as jaundice (Sakai et al., 1998), PFC-
induced changes to oxidative status can have serious consequences for fish health. 
This study evaluated the potential for PFOA to cause in vivo estrogenic effects on the adult 
male rainbowfish, M. fluviatilis, by measuring vitellogenin levels. The potential for PFOA to 
alter thyroid homeostasis was evaluated by quantifying the circulatory T3/T4 levels, and 
oxidative stress was determined in the liver and gill tissues by quantifying the antioxidant 
enzyme activities of catalase (CAT), glutathione s-transferase (GST) and lipid peroxidation. 
7.2. Materials and methods  
7.2.1. Fish husbandry and experimental design 
One-year-old male Adult Murray River Rainbowfish (M. fluviatilis) (average weight 1.5 g) 
were obtained from a commercial fish wholesaler (Aquarium Industries-Epping, VIC, 
Australia). Fish were maintained in a flow-through system under constant conditions in 50 L 
holding tanks containing carbon filtered aerated water at 25±1 °C and pH 7.4. A 16:8 h light: 
dark photoperiod was maintained with cool white fluorescent lights with a 60 min dawn and 
dusk transition period.  Fish were fed frozen brine shrimp (Hikari Bio-Pure) once daily at 4% 
(w/w) body weight. All experiments were conducted in accordance with the RMIT animal 
ethics guidelines (RMIT animal ethics approval number 1608). 
Perfluorooctanoic acid (PFOA), with a purity ≥ 99% was obtained from Sigma–Aldrich (NSW, 
Australia). Experimental fish were exposed to four concentrations of: 0.01, 0.1, 1 and 10 mg 
L-1 and a control. These concentrations were selected based on previous studies (Oakes et al, 
Wei et al 2007) and on the toxicity guideline values in freshwater for 90% species protection 
(632 μg L-1). Stock solutions were prepared in Milli-Q water and aliquots kept in the dark at 
4oC. For each concentration, three replicate 12 L tanks were set up and 4 fish were randomly 
assigned to each tank. Water changes were performed daily with 70% of water renewals and 
fresh solutions spiked daily with PFOA. 
During the 14-day exposure period, fish were fed a commercial granular food (Tetracolor, 
Germany) at a daily rate of 0.1% body weight. During the exposure period, water quality 
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parameters including pH, dissolved oxygen, conductivity, and temperature were monitored 
every 24 h. 
7.2.2. Fish sampling 
At the end of the exposure after anaesthetization with AQUI-S10, fork length and body weight 
were recorded for each fish; and condition factor (CF) was calculated using Fulton’s condition 
factor equation:  CF = body weight (g)/ [total length (cm)]3 × 100 (Froese, 2006). The 
hepatosomatic index (HSI = liver weight × 100/body weight) and gonadal somatic index (GSI 
= gonad weight × 100/body weight) values were also calculated.  
From each fish, blood was collected from the caudal vein using heparinised hematocrit 
capillary tubes. Plasma was separated by centrifugation at 15,000 × g for 15 min at 4°C (Sigma 
3-18K Centrifuge, Sigma Aldrich, New South Wales, Australia), snap frozen in liquid nitrogen 
and stored at 80 °C until analysis. 
Liver and gill tissue was sampled and immediately frozen in liquid nitrogen and stored at −80 
°C until analyzed. 
7.2.3. Plasma vitellogenin (Vtg) 
Vitellogenin was measured according to a modified protocol by Woods and Kumar (2011)  
Briefly, after thawing plasma samples on ice, samples were diluted 10 000 times in cold 
phosphate-buffered saline (PBS; 0.01 M, pH 7.4) and 100 μL of the sample used to coat a white 
medium binding 96-well plate (Greiner). Each plate contained a standard curve (female 
plasma) with increasing amount of plasma protein (12.5-200 ng/well), a positive control (male 
exposed to EE2), a negative control (control male) as well as a blank containing PBS only, all 
in triplicate. Plates were sealed and incubated overnight at 4 °C. After incubation, plates were 
washed three times with wash buffer [PBS with 0.05% (v/v) Tween-20] before adding 200 μL 
of the blocking buffer (BB; 1% [w/v] bovine serum albumin in PBS) and then incubated at 
room temperature for 60 min. Subsequently, 100 μL of the diluted primary antibody (Anti sea-
bream VTG-PO-2, 1:10000) was added to each well and the plate was incubated overnight at 
4 °C. Each well was washed three times with wash buffer and 100 μL of the secondary antibody 
(Anti-Rabbit IgG; HRP conjugate, 1: 4000 in BB) was added and incubated at room 
temperature for 2 h.  After this, wells were washed five times with washing buffer and 100 μL 
of the diluted (10x; PBS) detection substrate (SuperSignal West Femto Maximum Sensitivity 
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substrate; Thermo Fisher Scientific) was added and luminescence (Lux) was read on a 
POLARstar multi-mode microplate reader (BMG Labtech) within 1min of detection substrate 
addition. 
7.2.4. Plasma thyroid hormones measurement 
Plasma total T3 (Tri-iodothyronine) and T4 (Thyroxine) levels were measured using 
commercial competitive inhibition enzyme immunoassays for fish plasma (Cusabio Biotech 
Co., Ltd). Briefly, all the reagents and samples were brought to room temperature 30 min before 
the assay. From each treatment, samples were pooled and 30 μL + 20μ of PBS (0.01 M, pH 
7.4) used to each of two duplicate wells. Each plate was pre-coated with an antibody specific 
to T3 or T4. A standard curve with increasing amount of T3 or T4 in duplicate wells as well as 
a blank containing PBS. To each well (except blank wells), 50 μL of Biotin-conjugated T3 or 
T4 was added and a competitive inhibition reaction was launched between T3 (Standards or 
samples) and Biotin-conjugated T3 with the pre-coated antibody specific for T3. Plates were 
sealed and incubated in an orbital shaker for 60 minutes at 37oC. 
After incubation, each well was aspirated and washed three times with 200 μL of wash buffer 
and 50 μL of HRP-avidin was added to each well (not to Blank well), and further incubated in 
an orbital shaker for 30 minutes at 37oC. Each well was washed three times with wash buffer 
and 50 μl of Substrate A and 50 μl of Substrate B added to all wells and incubated at 37oC for 
15 minutes in the dark. 
After this, 50 μl of the stop solution was added to each well and the optical density was read 
on a POLARstar multi-mode microplate reader (BMG Labtech) set at 450 nm, within 10 
minutes 
T3 and T4 levels were calculated according to the manufacturers’ instructions, using a log of 
the T3 or T4 concentrations versus the log of the O.D. and results are presented in ng mL-1.  
 
7.2.5. Liver S9 fraction preparation 
Twelve frozen liver and gill samples obtained from each treatment were A individually 
homogenized in ice-cold buffer using a handheld homogenizer (Benchmark D1000) for 5 
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seconds. Homogenization was completed in with 10 volumes of phosphate buffer (50 mM, pH 
7.0), and centrifuged at 10,000 × g for 15 min at 4 oC. 
The supernatant was collected and used for the antioxidant biomarker assays. Supernatant 
aliquots were kept at -80oC until analysis and were used within 3 days of homogenisation. 
7.2.6. Antioxidant biomarkers 
7.2.6.1. Glutathione S-transferase (GST) activity determination  
GST activity was determined according to the procedure previously described by Habig et al. 
(1974) and adapted to a microplate (Frasco and Guilhermino, 2002). This assay uses 1-chloro-
2,4-dinitrobenzene (CDNB) as a substrate, which conjugates with the thiol group of the 
glutathione (GSH), causing an increase in absorbance that was determined 
spectrophotometrically at 340 nm, every 5 min for 20 min by measuring the formation of the 
conjugate of GSH and CDNB using a plate reader (OMEGA POLARstar). Briefly, liver and 
samples were diluted to a protein concentration of 0.125 mg/mL and 1 mg/mL respectively. 
Before the assay a solution of 60 mM CDNB in ethanol and a solution of 10 mM GSH in 
phosphate buffer (pH 6.5) were prepared and kept in the dark at 4oC.  Each sample homogenate 
was added in triplicate to a multi-well plate. To each well, 100 μl of sample diluted in 0.1 M 
potassium phosphate buffer (pH 6.5) was added and 100 μl of 0.1 M potassium phosphate 
buffer to the blank wells.  The reaction was started by the addition of 200 μL of a reaction 
solution containing 150 μl of CDNB solution + 900 μl GSH solution + 4950 μl phosphate 
buffer) to all the wells.  GST activity was calculated using the CDNB extinction coefficient of 
0.0053 εμM (μM−1 cm−1) and normalised to the protein content of the samples. Results are 
expressed in nmol min−1 mg−1 protein. 
7.2.6.2. Catalase (CAT) activity determination  
Catalase (CAT) activity was measured based on the protocol described by Hadwan (2016). In 
this assay, the concentration of chromic acetate that is produced from the reaction is measured 
calorimetrically at 570 nm is directly proportional to the hydrogen peroxide concentration. 
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7.2.6.3. Lipid peroxidation (LPO) 
Lipid peroxidation generates malondialdehyde, which can be measured using the standard test 
for thiobarbituric acid-reactive substances (TBARS). 
TBARS were quantified as per Parrilla-Taylor et al. (2013), with modifications. Aliquots of 
each gill and liver homogenates were diluted in potassium phosphate buffer (0.1 M pH 7.4) to 
ensure final absorbance was below the limits of the spectrophotometer. Four hundred 
microliters of the diluted samples were incubated in a thermostatic water bath at 37 °C for 30 
min. To this, an equal volume of freshly prepared ice-cold 1.0 M HCl and 1% thiobarbituric 
acid dissolved in 12.5% trichloroacetic acid was added, and the mixture was heated for 20 min 
in a boiling water bath. After cooling, the mixture was centrifuged at 9000 g for 10 min. The 
absorbance of the supernatant was measured at 535 nm, and the TBARS level was expressed 
as nmol of thiobarbituric acid-reactive substances formed per milligram of protein (nmol 
TBARS .mg−1 protein) using a molar extinction coefficient of 1.56 × 105 M−1cm−1. 
7.2.6.4. Protein content 
Protein content in the samples was estimated by the Bradford method using bovine serum 
albumin as a standard (Bradford, 1976). 
7.2.7. Chemical analysis 
Water samples were analyzed at the time of the initial dosing 0 h and after 24 h before renewal. 
All samples were analyzed by LC-MS-MS with a PFNA-13C5 Surrogate. Recoveries were > 
91%. 
7.2.8. Statistical analyses 
In this study the “tank effect” was tested using a two-way ANOVA and when no significant 
effects were observed the number of fish in both tanks were pooled and used as individual 
replicates. Normality of data was verified using the Kolmogorov–Smirnov test, and 
homogeneity of variances checked by Levene's test. One-way analysis of variance (ANOVA) 
and the Holm-Sidak method were used to determine significant differences between control 
and exposure groups. Data did not fit a Gaussian distribution and were therefore analysed using 
the Mann-Whitney U nonparametric test (p < 0.05). Significant difference between gill and 
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liver activities were tested using Student’s t-test. p<0.05. All statistical analysis was performed 
using Sigmaplot v. 12.5 software (SYSTAT Software, Inc., San Jose, CA, USA). 
7.3. Results  
7.3.1. Water quality and chemistry 
During the exposure, the water temperature was maintained at 23± 0.1o C. The water quality 
parameters in the PFOA treatment tanks did not significantly differ from those in the control 
tanks. The pH of the water across treatments varied within the neutral range of 7.1-7.4. The 
DO levels in the water were above 80% in all tanks and conductivity ranged from 1180-1285 
μS/cm. 
Initial measured concentrations of PFOA in experimental water were generally between 89% 
and 110% of the nominal concentration (Table 1). Water samples collected at 24 h indicated a 
modest loss of 10% of the nominal concentration (Table 7.1). The LOD of the PFOA 
determination method was 0.01 mg L-1. PFOA was not detected in the water control tank. 
Table 7.1. Nominal and initial measured concentrations of PFOA 
Nominal concentration (mg L-1) Initial measured concentration (mg L-1) Measured concentration 24 h 
before renewal (mg L-1) 
10 8.90 9.10 
1 0.90 0.92 
0.1 0.09 0.11 
0.01 0.01 0.01 
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7.3.2. Effects of PFOA 
7.3.2.1. Fish morphometric indices 
During the 14 days of exposure of M. fluviatilis to PFOA no mortality was recorded and no 
significant differences in the condition factor (K) and gonadosomatic index (GSI) of M. 
fluviatilis relative to the control fish were observed. However, the hepatosomatic index (HSI) 
was significantly reduced at PFOA concentrations of 0.1, 1 and 10 mg L-1 ( Figure 1).  
 
 
Figure 1. Condition factor (CF); hepatosomatic Index (HSI) and gonadosomatic index of fish 
exposed to PFOA. Data presented as mean ± SE (n=12) * denotes significant differences, p < 
0.05. 
7.3.2.2. Vitellogenin induction  
Plasma vitellogenin (Vtg) levels were significantly elevated with exposure to 0.1, 1 and 10 mg 
L-1 PFOA concentrations to an average of around 7 times the response relative to a negative 
control male at the highest PFOA exposure (Figure 2).  Compared to a female control the levels 
of vitellogenin induced in male fish were significantly lower and lower than in male exposed 
to EE2 (ELISA positive control). 
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Figure 2. Vitellogenin induction (fold increase) in male Melanotaenia fluviatilis relative to a 
negative control (no vitellogenin detected). All exposures were performed with male fish, with 
the exception of specified female control. Error bars represent standard error of the mean (SE). 
* p < 0.05; Mann-Whitney U test (compared to male negative control, control PFOA). 
 
7.3.2.3. Thyroid function 
In Murray River rainbowfish plasma, the circulating T4 levels were usually around 9 times 
higher than T3 levels.  T4 levels in the control fish ranged from 14 to 18 ng mL-1 whereas T3 
levels were around 2 ng mL-1. After 14 days of exposure to PFOA, the T3/T4 ratio was 
significantly reduced in all PFOA concentrations tested (Figure 3). T4 concentrations in control 
fish were around 15 ng/mL increasing with the exposure, at the two highest concentrations, up 
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to 29 and 24 respectively (Data not shown). On the other hand, T3 concentrations were 
significantly reduced in plasma of all fish exposed to PFOA.  
 
Figure 3.  Plasma T3/T4 ratio levels in Melanotaenia fluviatilis after 14 days of exposure to 
PFOA. Data presented as mean ± SE (n= 2); different letters on the bar tops denotes significant 
differences; p < 0.05. 
7.3.2.4. Lipid peroxidation and antioxidant enzyme activity 
Baseline levels of CAT, GST and LPO levels were significantly higher in the liver than in gills 
(Figs 4–5). In gills, CAT activity was significantly increased at 0.1 mg L-1 of PFOA whereas 
the GST activity was significantly elevated at the two highest concentrations of PFOA tested, 
1 and 10 mg L-1 (Figure 4). In the liver, the activities of both antioxidant enzymes were 
significantly reduced at 10 mg L-1 for GST and at 1 and 10 mg L-1 for CAT (Fig. 5). In both 
tissues, TBARS concentration increased in a dose-dependent manner with the concentration of 
PFOA. At 10 mg L-1 PFOA, TBARS concentration was approximately 2.1 times greater in the 
gills, and 6.7 times greater in the liver, compared with the controls. 
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Figure 4. CAT activity (kU mL-1 mg-1 protein), GST activity (nmol min-1 mg-1 protein) and 
TBARS (nm mg-1 protein) concentration in the gills of Melanotaenia fluviatilis after 14 days 
of exposure to PFOA. All data are mean ± SE (n=12); * denotes significant differences; p < 
0.05. 
 
A different pattern was observed in the liver, where both CAT and GST activity decreased. 
CAT was significantly inhibited at the two highest concentrations of PFOA (1 and 10 mg L-1) 
whereas   GST activity was significantly reduced at 10 mg L-1 of PFOA (Figure 5). 
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Figure 5. CAT: Catalase activity expressed as kU mL-1 mg-1 protein; data as mean ± SE; * 
denotes significant differences; P < 0.05, GST: Glutathione-S-Transferase activity expressed 
as nmol.min.mg protein -1; data as mean± SE (n=12); * denotes significant differences; p < 
0.05; TBARS expressed as nmol mg-1 protein; * denotes significant differences; p < 0.05 in 
the liver of Melanotaenia fluviatilis after 14 days of exposure to PFOA. 
 
7.4. Discussion 
In the present study, PFOA led endocrine disruptive effects as well as oxidative stress.  
Somatic indexes 
Perfluorooctanoic acid significantly decreased the hepatosomatic index of adult Murray River 
rainbowfish at concentrations higher than 0.1 mg L-1. This is contrary to what has been 
previously reported in fish where no changes in HSI were observed as consequence of exposure 
to PFOA at similar concentrations (Kim et al., 2010b; Oakes et al., 2005) and rats where a 
decreased HSI  was observed after PFOA exposure (Cui et al., 2008; Liu et al., 1996). 
Decreased liver size after exposure could be due to the increased energy demands for 
biotransformation that may deplete specifically glycogen.  As liver is the main organ for 
glycogen reserves, their increased usage can possibly be reflected by a decrease in liver size. 
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Endocrine disruption 
In this study, PFOA exposure caused estrogenicity, as measured by the significant increase of 
vitellogenin, in Murray River rainbowfish at 0.1 mg L-1 of PFOA. Similar results were 
observed  observed by Kim et al. (2010a) after 4 days of exposing Common carp (C. carpio) 
to 5 and 50 mg L-1 PFOA . The longer exposure time used in our study could explain the 
induction of vitellogenin in male M. fluviatilis at lower concentrations of PFOA in comparison 
to those reported for Common carp.  Nevertheless, in this study PFOA was only a weak 
estrogen inducer compared to the positive control exposed to the known estrogenic compound 
EE2.   Based on in vivo studies on primary cultured Tilapia hepatocytes, Liu et al. (2007a) 
suggested that the estrogenic effect of PFCs may be mediated by the estrogen receptor pathway.  
Hood (2008) also observed that PFOA is weakly estrogenic in trout, and that its association 
with trout liver cancer may be related to disruptions in the estrogenic signaling.  
In addition to vitellogenin induction, PFOA disrupted the thyroid T3/T4 ratio in M. fluviatilis. 
This is the first time that PFOA has been shown to affect the circulatory T3/T4 ratio in plasma. 
In fish, the T3/T4 ratio has often been used to detect thyroid hormone homeostasis (Chidakel 
et al., 2005; Yadav and Singh, 1987), and has been successfully used to detect thyroid 
disruption in both laboratory and field assessments (Brar et al., 2010). As in other vertebrates, 
T3 concentrations in fish are derived primarily from T4 by 5-deiodinases through deiodination 
outside the thyroid gland (Eales and Shostak, 1987; Plohman et al., 2002). In this study, the 
observed decrease in circulating T3 levels in the fish was potentially caused by the inhibition 
of extrathyroidal conversion of T4 to T3 by PFOA. It has been previously shown that PFOA 
can significantly perturb the expression of iodothyronine deiodinase type I (Dio1) and type III 
(Dio3) which lowered the thyroid hormone levels in rats. Wei et al. (2008b) observed that 
PFOA concentrations from 3-30 mg L-1 significantly inhibited the expression of Dio2, a gene 
that encodes for the enzyme iodothyronine deiodinase type II which is responsible for the 
deiodination of T4 into T3. This lead to decreased T3 biosynthesis in rare minnows 
(Gobiocypris rarus). The effects on thyroid hormones do not always lead to a reduced T3/T4 
ratio. For example, PCBs, pesticides and other chemicals may alter 5 -deiodinase activity in 
both freshwater and marine fish which can lead to increased T3 and reduced T4 levels (Brar et 
al., 2010; Coimbra et al., 2005; Picard-Aitken et al., 2007).  Changes in T3/T4 levels might 
affect the capacity of fish to adapt to environmental conditions, such as temperature changes 
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or salinity (Dolomatov et al., 2013; O'Brien, 2011). This could have implications for the 
survival of native species like M. fluviatilis, in the face of predicted climate change. 
Antioxidant enzymes 
The baseline activities of all antioxidant enzymes measured were higher in the liver than the 
gills. This was expected, since the liver is the major organ in which the detoxification enzyme 
systems are activated, and it is the generation site of reactive oxygen species following 
exposure to stressors and toxicants (Sakuragui et al., 2013; Wu et al., 2017). Our results 
confirm that the liver as the key organ for detoxification in M. fluviatilis. 
Both CAT and GST showed a different pattern of activity in gills and liver following PFOA 
exposure. In gills there was significant increase of GST at concentrations higher than 1 mg L-1 
and no effects on CAT except for 0.1 mg L-1 whereas in liver there was a significant reduction 
of CAT and GST activities.  It is possible that the different trend observed between the gills 
and the liver is due to different CAT and GST activation occurring at various tissue sites. It 
could be also be due to the nature of the inducer as reported in previous studies (Kyung Cho 
and Geon Kim, 2000; Raza, 2011). For example in gills the uptake, accumulation and 
detoxification of contaminants makes them the first barrier of defence against waterborne 
contaminants (Chen et al., 2018). In this study, an increase in the CAT and GST activities might 
elicit a faster response. In mussels, for example, significant inhibition of GST activity was 
detected in gills and no effect was found in other soft tissues (Osman et al., 2007). The 
significant induction of GST in gills suggests an increase in detoxification processes. GST is a 
key phase II detoxification enzyme which is involved in the conjugation of xenobiotics with 
reduced GSH. This process generates less toxic, more hydrophilic molecules, thus facilitating 
their excretion and playing an important role in conjugating breakdown products of lipid 
peroxides to GSH (Leaver and George, 1998; Nimmo, 1987).  
In liver, the decrease in GST activity may be associated with the reduced levels of GSH 
available to be conjugated as previously observed in response to other xenobiotics (Sreejai and 
Jaya, 2010). Despite an increase in the antioxidant enzymes, the increased lipid peroxidation 
in liver suggested that the ROS-induced oxidative damage increased with increased PFOA 
concentrations. This could be because the oxidative stress enzyme responses were unable to 
counterbalance the ROS production. 
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In the liver, a similar trend was observed in the CAT activity.  The significant reduction in 
CAT  activity at higher concentrations of PFOA might be linked to the possible excess 
production of superoxide radicals (Abhijith et al., 2016). The decreased activities of CAT 
would then favour the accumulation of the radical H2O2 which accelerates the conversion of 
Fe3+ to Fe2+ and the latter serves as a substrate for the hydroxyl radical generating reaction, 
leading to enhanced lipid peroxidation which in turn leads to the decomposition of the double 
bonds of unsaturated fatty acids in lipid membranes (Halliwell and Gutteridge, 1985).  
Consequently, the reduced enzyme activity as observed in the M. fluviatilis liver can indicate 
that the antioxidant capacity was surpassed by the amount of hydroperoxide products resulting 
in lipid peroxidation as observed in both gills and liver in a dose-dependent manner was 
observed at concentrations from 0.1 to 10 mg L-1. LPO results from oxidative stress on cell 
membrane phospholipids and circulating lipids.  It’s level directly reflects the degree of 
oxidative damage induced by contaminants (Banerjee et al. 1999). A significant increased 
malondialdehyde (MDA) level was also observed in freshwater tilapia (Oreochromis niloticus) 
hepatocytes  exposed to 5-30 mg L-1 of PFOA (Liu et al., 2007a). In this study oxidative damage 
was observed at lower concentrations possibly due to differences in species, time and type of 
the exposure. Nevertheless, according to the results LPO might be a good biomarker for PFOA. 
In fact, according to Liu et al. (2007b), LPO levels remained unchanged after exposure to PFOS 
contrary to PFOA exposure making LPO a specific biomarker for PFOA contamination. 
The reduction of the antioxidant enzymes as consequence of PFOA exposure in the liver, the 
major organ of detoxification, might lead to the induction of excessive oxidative stress. 
Therefore, lead to the impairment of the anti-antioxidant capacities in fish which might increase 
the susceptibility to disease development such as bacterial, viral, and parasitic diseases. 
 
7.5. Conclusion 
In addition to the well-known consequences of estrogenicity to male fish, additional alterations 
on the hormonal balance can lead to unwanted impacts in fish in the environment such as failure 
to adapt to environmental conditions such as temperature changes severely compromising 
fitness and survival in fish and their adaptation to climate change. 
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Further studies are required to evaluate if changes in activity of the antioxidant enzymes lead 
to morphological alterations in vital organs such as liver and gill tissues. 
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Chapter 8 
 
8.1. General Discussion 
 
The overall aim of this thesis was to assess the effects of endocrine disrupting chemicals with 
different modes of action on the reproductive health and general toxicity of the Murray River 
rainbowfish (M. fluviatilis). 
M. fluviatilis was exposed to compounds resulting from agricultural and farming operations 
including atrazine, pyrimethanil and the androgen 17α trenbolone as well as personal care 
product propylparaben and mixtures of compounds that mimicked real wastewater effluents in 
rivers.  The effects of perfluorooctanoic acid (PFOA), an emerging chemical of concern in 
Australia and worldwide, were also evaluated on this species. 
The androgenic feedlot contaminant 17α trenbolone caused deleterious effects on female 
gonads of M. fluviatilis an increased number of atretic follicles and reduction in the circulatory 
levels of vitellogenin were observed with resulting effects reflected by a reduction in fecundity. 
Despite an apparent dose response in terms of inhibition of egg production and 
histopathological changes, the vitellogenin levels varied with time and concentration, similar 
to responses in aromatase mRNA expression. 17α trenbolone was seen to have effects beyond 
its androgenic action on M. fluviatilis acting as a genotoxic compound at concentrations 
commonly found in effluents from feedlots. Diverse egg and larvae deformations were 
observed, which could result in a diminished capacity in the early larvae of this species to 
compete for food in nature when exposed to trenbolone.  
 
The unusual U-shaped dose-response curve of trenbolone observed in Chapter 3 suggested 
that this chemical might elicit a different behavior at low and high exposure concentrations. 
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Thus, fish were exposed to low and high concentrations of 17α trenbolone mixed with the 
estrogen 17β estradiol, and by evaluating estrogen and androgenic receptor expression, it was 
demonstrated that 17α trenbolone alone is unable to activate the estrogen receptors. When 
circulatory levels of vitellogenin were investigated, it was clear that 500 ng/L of 17α trenbolone 
was partially able to counteract the effects of 50 ng/L of the estrogen 17β estradiol at measured 
protein levels although no interaction was observed at the molecular level (Chapter 4). 
When exposed to atrazine, the gonadal development and maturation were disrupted since these 
effects are also under hormonal control proving that pathways other than the ‘classical’ 
estrogen receptor binding are also susceptible to disruption. This was observed at low atrazine 
exposure with effects on gonadal maturation in females, with a significant increase of 
spermatogonia in the gonads of fish exposed to 13 and 130 ppb of atrazine for 14 days whereas 
no effects were observed in the vitellogenin levels (Chapter 5). 
Similarly, when fish were exposed to mixtures of chemicals, and in long-term exposures, a 
multiparameter approach was proven to be essential to understand the effects of chemical 
mixtures on the fish, with alterations in gonads and liver being observed when vitellogenin 
levels remained unaltered. Only estrone and EE2 induced increased levels of vitellogenin in 
the plasma of M. fluviatilis while deleterious effects on the gonads were evident from tissue 
histopathology in the exposures to pyrimethanil and atrazine. This is conclusive evidence that 
these chemicals have the ability to disrupt other pathways not simply the classically “expected” 
binding to an estrogen receptor (Chapter 6). 
Finally, further evidence that some chemicals are able to disrupt multiple pathways was also 
demonstrated after exposure of M. fluviatilis to perfluorooctanoic acid (PFOA). Although 
PFOA was slightly estrogenic leading to the induction of the circulatory levels of vitellogenin 
in male fish after 14 days of exposure, this chemical was also able to interfere with the thyroid 
pathway   and lead to changes in antioxidant processes (Chapter 7). 
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8.1.1. Biomarkers of endocrine disruption 
Over the past  decades, endocrine disruption has been considered widespread phenomenon and 
many endpoints have been used in assessing the risks of EDCs to individuals and populations 
(Allner et al., 2016).  
Amongst these, the induction of the egg yolk precursor protein vitellogenin (Vtg) in juvenile 
and male fish has long been established as a reliable biomarker for monitoring the effects of 
environmental estrogens.  From our results, reduction in vitellogenin was a reliable biomarker 
for exposure to 17α trenbolone; since a significant reduction of Vtg was associated with 
exposure of M. fluviatilis to this chemical. Similarly, vitellogenin induction was correlated with 
the exposure of this species to 17α ethinylestradiol and estrone and PFOA.  However, this 
biomarker was unchanged when fish were exposed to mixtures of compounds which contained 
estrone at 85 ng/L. This result raises concerns as to whether vitellogenin induction as a 
biomarker in M. fluviatilis would be a sensitive enough to detect the effects of estrogens in 
field situations where mixtures of chemicals at low levels are most likely to occur. 
 
Moreover, despite the value of vitellogenin levels as a biomarker in the situations described, 
vitellogenin levels were unchanged when M. fluviatilis was exposed to atrazine and 
pyrimethanil; even though alteration in the gonads were observed, despite the fact that it is well 
known that gonad development and maturation are under hormonal control (Leatherland et al., 
1982; Nishimura and Tanaka, 2014). Thus, the use of vitellogenin as the only endpoint in 
biomonitoring will likely underestimate endocrine disruptive effects as observed if exposure 
chemicals do not directly interfere with the nuclear receptors, leading to changes in the 
vitellogenin levels. 
8.1.2. Gene expression and time of exposure 
Gene expression is under dynamic control of transcript levels and many of compensatory 
mechanisms take place (Ekman et al., 2011). Hence, as observed in the exposures to trenbolone 
where the expression of brain and ovary aromatase and vitellogenin after 7 days of exposure 
and of trenbolone + 17β estradiol after 7 days, the observed gene expression responses might 
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likely be reflecting compensatory mechanisms. As gene expression responses are often 
immediate, typically following a characteristic ‘impulse’-like pattern and within the first 96 h 
of exposure, in longer exposures most of the gene expression level responses have already 
taken place.  
These impulse patterns are prevalent in responses to environmental changes in all organisms, 
from bacteria to mammals (Erez and Naama, 2004; López-Maury et al., 2008). Transcript 
levels spike up or down abruptly following the environmental cue, sustain a new level for a 
certain period of time and then transition to a new steady state, often similar to the original 
levels (Yosef and Regev, 2011). 
In field exposures where organisms have been exposed for prolonged periods of time, gene 
expression per se as a tool might not be adequate to assess effects on organisms since after 
longer times gene expression patterns are likely to be more reflective of compensatory 
responses.   
More holistic approaches using whole transcriptome assessments to better characterize and 
identify the overall responses of an organism not captured by this study targeted approach. That 
may allow instantaneous and even simultaneous genome-wide detection of the expression of 
genes helping to reveal mechanisms of action as well as ‘signatures’ of toxicity that could be 
essential in identifying and developing new biomarkers (Snape et al., 2004). However, the 
expression of the genes are subject to temporal dynamics and the ‘timing’ of sampling might 
affect the expression levels as observed previously (Shanthanagouda et al., 2013). This 
observation was endorsed in the current study where in M. fluviatilis the vitellogenin 
expression and the protein levels of vitellogenin did not align.  It was expected the vitellogenin 
expression, were reduced at high concentrations of trenbolone considering its androgenic 
effects, however, it observed at molecular level despite at protein level the proportion of Vtg 
in plasma were reduced by the co-exposure of 17β estradiol and 500 ng/L of trenbolone.  
 
Additionally, the general question remains as to whether changes in gene expression 
necessarily translate into changes in enzyme activity or protein expression (Baumann et al., 
2014; Glanemann et al., 2003; Laier et al., 2006). The results in Chapter 4 of the current study 
endorses this question and demonstrates the need for proteomic assays and not simply 
measurement of gene expression.  
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8.1.3. The endocrine system as a whole 
In the future EDC research needs to include a broader range of endpoints beyond the common 
reproductive endocrine assessments, the endocrine system in fish is a complex system that 
consists of various glands located throughout the body which synthesize and secrete hormones 
to regulate an array of biological processes  (Pait and Nelson, 2002). The results of this thesis 
have shown that chemicals in the environment are able to interfere with multiple systems and 
consequently single biomarker assessments are likely to underestimate endocrine disruptive 
effects.  
Moreover, reproductive development is only one of the many effects that are controlled by the 
endocrine system in animals. As an example, PFOA exposures were shown to lead to the 
disruption of the normal thyroid homeostasis in M. fluviatilis. The thyroid gland secretes the 
hormones thyroxine (T4) and triiodothyronine (T3), which are believed to aid fish in adapting 
to changes in temperature and to osmotic stress. Thus, exposure to chemicals like PFOA could   
affect the ability of fish to adapt to climate change.  
8.2. Conclusions and future work 
Although endocrine disruption is a global issue for wildlife health, little is known of its impact 
and significance, and strategies for detecting offending chemicals are not well described.  
Investigations into possible effects on other physiological targets are just beginning. There are 
even fewer studies of their effects on aquatic species, including fish. At an even more basic 
level, in research on teleosts, there is still some uncertainty as to the structure and function of 
some of the naturally occurring hormones and the glands themselves, making an assessment of 
the impact of endocrine disrupting compounds, other than on reproduction, even more difficult. 
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Appendix 
 
 Tissue morphometric calculations 
ܩ݋݊ܽ݀݋ݏ݋݉ܽݐ݅ܿ݅݊݀݁ݔሺܩܵܫሻ ൌ ܩ݋݊ܽ݀ݓ݄݁݅݃ݐሺ݃ሻܶ݋ݐ݈ܽܾ݋݀ݕݓ݄݁݅݃ݐሺ݃ሻ ݔͳͲͲ 
ܪ݁݌ܽݐ݋ݏ݋݉ܽݐ݅ܿ݅݊݀݁ݔሺܪܵܫሻ ൌ ݈݅ݒ݁ݎݓ݄݁݅݃ݐሺ݃ሻܶ݋ݐ݈ܽܾ݋݀ݕݓ݄݁݅݃ݐሺ݃ሻ ݔͳͲͲ 
ܥ݋݊݀݅ݐ݅݋݊݂ܽܿݐ݋ݎܥܨ ൌ ܶ݋ݐ݈ܽܾ݋݀ݕݓ݄݁݅݃ݐሺ݃ሻܨ݋ݎ݇݈݄݁݊݃ݐሺܿ݉ሻ͵ ݔͳͲͲ 
 
 
Histology details 
Tissues were fixed during 48h in a solution of  10% Neutral Buffered Formalin (NBF) fixation, 
the fixed tissues were transferred to 70% and stored at 4°C until processing. 
Tissue processing was performed according to the Histopathology guidelines for the fathead 
minnow (Pimephales promelas) 21- day reproduction assay (2006) with slight modifications 
in a Leica tissue processor.  
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Tissue processing schedule  
Station Reagent Vacuum Heat (°C) Gonad (minutes) Whole fish 
(minutes) 
1 10% NBFa On Ambient 40 60 
2 70% ethyl alcohol On Ambient 40 60 
3 80% ethyl alcohol On Ambient 40 60 
4 95% ethyl alcohol On Ambient 40 60 
5 95 % ethyl 
alcohol 
On Ambient 40 60 
6 100% ethyl 
alcohol 
On Ambient 40 60 
7 100% ethyl 
alcohol 
On Ambient 40 60 
8 Xylene On Ambient 60 80 
9 Xylene On Ambient 60 80 
10 Paraplast® On 62 45 75 
11 Paraplast® On 62 45 75 
Drain and standard Clean Cycle 
 
 
a Neutral Buffered formalin 
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After processing tissues were embedded into Paraplast® and in an embedding station. 
Chilled blocks were used for sectioning in a microtome set at 4 microns. Poly-sine coated slides 
were used for mounting.  
 
Hematoxylin and Eosin staining (H&E)  
 
Haematoxylin and Eosin (H&E) staining was performed on paraplast®-embedded tissue 
sections to assess the general morphology of tissue sections of liver and gonads. 
 
Hematoxylin and eosin progressive stain 
Reagent Minutes in Reagent 
Xylene 3 
Xylene 2 
Absolute alcohol 1 
Absolute alcohol 1 
70% alcohol rinse 
Mayer’s Haematoxylin 3 
Tap water rinse 
Scott’s Tap water 1 
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Acid alcohol 1 
Tap water rinse 
0.25% Eosin Y 0.50 
Tap water rinse 
70% alcohol 10 dips 
Absolute alcohol 10 dips 
Absolute alcohol 20 dips 
Xylene 1 
Xylene 2 
 
Scott’s Tap water 
Scott’s stock 
Potassium bicarbonate……1 g 
Magnesium sulfate……..10 g 
Milli-q water …………….....500 mL 
 
 
Scott’s tap water 
Milli-Q water……………….189 mL 
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Scott’s stock………………..29 mL 
Acid alcohol (to mix in the staining container) 
Acetic acid…..7mL 
70%ethanol….252 
Eosin Y working solution (0.25%) 
Eosin Y stock (1%)………250mL 
80% ethanol………………750mL 
Glacial acetic acid ………...5mL 
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Ovary staging 
 
Characteristics of oocyte types: Perinuclear phase oocytes (p); Cortical alveolar oocytes (CA); 
Early vitellogenic oocytes (EV); Late vitellogenic oocytes (LV) and Mature spawning follicle 
(MS). 
Oocyte Characteristics 
Perinuclear phase oocytes 
(p): 
Concomitant with oocyte growth, the nucleus (germinal 
vesicle) increases in size and multiple nucleoli appear, 
generally at the periphery of the nucleus. The cytoplasm 
stains uniformly dark, although late perinucleolar oocytes 
may have small clear or amphophilic vacuoles in the 
cytoplasm 
Cortical alveolar oocytes 
(CA): 
Generally larger than perinucleolar oocytes, this phase is 
characterized by the appearance of cortical alveoli (yolk 
vesicles) within the ooplasm. The cortical alveoli are 
technically not yolk, as they do not provide nourishment for 
the embryo (Selman and Wallace, 1989). 
Early vitellogenic oocytes 
(EV). 
Larger than cortical alveolar oocytes, these cells are 
characterized by the centralized appearance of spherical, 
eosinophilic, vitellogenic yolk granules / globules (small 
arrows). The nucleus has moved to the periphery of the cell 
and dissolved 
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Bradford Protein determination 
The total protein content of plasma and tissues required for biochemical analysis was 
determined using the micro assay from Sigma Aldrich.  Briefly, plasma samples were diluted 
30 x and tissue samples diluted 10 x in Milli-Q water. Protein standard curves were prepared 
using bovine serum albumin (BSA) (Sigma-Aldrich, Australia) dissolved in Milli-Q water. The 
final concentrations of the standards were 0.0, 0.5, 1.0, 1.5 and 2.0 mg/ml protein. Five 
microliters (5 μL) from standards and samples were loaded in triplicate on a 96-well microplate 
and 250 μL of Bradford reagent (Sigma aldrich) was added to each well, mixed and  incubated  
for  30  min  at  room  temperature  before  reading spectrophotometrically at a wavelength of 
595 nm using a microplate reader (Omega BMG Labsystems). Samples were standardized with 
Bovine serum albumin (BSA) (triplicate) in the linear range with the standard regression 
equation obtained. 
 



Late vitellogenic oocytes 
(LV). 
These cells are characterized by an increased accumulation 
of yolk material that fuses into a central liquid mass which 
displaces the cortical alveolar material to the periphery of 
the cytoplasm. 
Mature spawning follicle 
(MS). 
 
In this phase of development, vitellogenesis has reached its 
peak, the cell has become larger and more hydrated, and 
ooplasm consists almost entirely of yolk. 
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AEC copies of the letters of approval  
 
16 November 2010 
Prof Dayanthi Nugegoda 
School of Applied Sciences 
RMIT University 
 
Dear Dayanthi 
AEC Project No. 1027: A fish biomonitor for EDCs in Melbourne 
freshwater  
 
I am pleased to advise that this project has been approved by the RMIT University Animal Ethics 
Committee (AEC) for the period from 10 November 2010 until 10 November 2013. An approved version 
of the application is attached.  
 
The use of animals in scientific procedures is strictly regulated by the Australian code of practice for the care and 
use of animals for scientific purposes (the ‘Code’).  The above project is conducted under a Scientific Procedures 
and Premises License issued by the Bureau of Animal Welfare. There are several aspects of the Code, the 
license conditions and the operations of the AEC that I would like bring to your attention. 
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Responsibilities of investigators 
Responsibilities of investigators are described in the Australian code of practice for the care and use of animals for 
scientific purposes (section 3). According to the Code investigators have a ‘personal responsibility for all 
matters related to the welfare of animals they use and must act in accordance with all requirements of the 
Code. This responsibility begins when an animal is allocated to a project and ends with its fate at the 
completion of the project’ (s.3.1.1). 
 
Amendments and extensions 
If as you proceed with your project you find reason to amend your research method you should advise 
the AEC and prepare a request for minor amendment form. Please note that the Committee may only 
deal with ‘minor’ amendment requests. Major amendments to projects normally require a new project 
application. 
 
Minor amendments including the addition of staff to a project or requests for time extensions can be 
reviewed by an executive between meetings if necessary, otherwise requests are dealt with at the regular 
scheduled meetings of the AEC. If executive approval is required please contact the secretary directly. 
 
Time extensions are normally granted for projects, but cannot be granted retrospectively in any 
circumstances.  
 
Adverse events or unexpected outcomes 
As the primary investigator you have a significant responsibility to monitor the research and to take 
prompt steps to deal with any unexpected outcomes. You must notify the Committee immediately of any 
serious or unexpected adverse effects on animals, or unforeseen events, which may affect the ethical 
acceptability of your project.  
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Animals that are ill or unwell need to be reported immediately via the care forms available at the RMIT 
Animal Facility. In case of any unexpected animal death please remember that the researcher has a 
responsibility to organise an autopsy so as to determine the cause of death. 
 
Investigator guidelines for record keeping 
I draw your attention to the document, ‘Investigator guidelines for record keeping’, which was prepared 
by the Bureau of Animal Welfare, which is available on the AEC website. Investigators are required to 
adhere to the strict guidelines regarding record keeping for their project. Note that records associated with 
a project ‘should be available for audit by the institution and authorised external reviewers’. Failure to 
maintain proper records may result in a compliance breach of the Code and place at risk the researcher’s 
capacity to carry out research with animals.  
 
Conditions of approval 
The Animal Ethics Committee may apply conditions of approval beyond the submission of 
annual/final reports. There are no specific conditions attached to this project, except that 
described elsewhere in this letter. 
 
Reports 
Approval to continue a project is conditional on the submission of annual and final reports. Annual 
reports are requested in December each year, and must be submitted whether or not the project 
has commenced or is inactive. Report forms are available from the Animal Ethics Committee web 
site.  
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Please note that failure to submit reports will mean that a project is no longer approved, and/or that 
approval will be withheld from future projects. 
 
All reports or communication regarding this project are to be forwarded to the secretary. 
Copies of forms and information referred to above are available from the AEC website: 
http://www.rmit.edu.au/governance/committees/aec 
On behalf of the AEC I wish you well with your research. 
Yours sincerely 
Peter Burke 
Secretary 
RMIT Animal Ethics Committee 
cc:   Prof Andrew T Smith, License nominee (SPPL50)  
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